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ABSTRACT
Objectives
This project focused on measuring and evaluating the architecture, dissolution rate, and impact
on groundwater quality of residually trapped tetrachloroethene (PCE) dense non-aqueous phase
liquid (DNAPL) from discrete bedrock fractures and fracture networks. Treatment using both
chemical oxidation and bioaugmentation also were evaluated in order to compare their relative
effectiveness and identify potential limitations in fractured settings.
The specific objectives of this project were as follows:
• Determine residual DNAPL saturation, distribution, and interfacial area characteristics in
various bedrock fractures and fracture networks;
• Measure and evaluate DNAPL-water interfacial area and dissolution rates as a function of
DNAPL saturation within the fractures;
• Measure and evaluate DNAPL dissolution kinetics during chemical oxidation and
bioaugmentation treatment in individual bedrock fractures and fracture networks;
• Identify potential limitations (e.g., fouling due to chemical precipitation or biological
growth, DNAPL in dead-end fractures) of chemical oxidation and bioaugmentation in
bedrock fractures;
• Evaluate the impact of partial DNAPL removal on groundwater quality;
• Develop and validate models to describe and predict DNAPL dissolution.
Technical Approach
The overall approach for this projected consisted of constructing laboratory fractures at two
scales: a single fracture scale and a fracture network scale. Single fracture systems were created
by inducing a single fracture in sandstone blocks. Fracture network systems, which contained
multiple vertical and horizontal fractures, were constructed by assembling sandstone blocks;
points of contact between the blocks defined the fracture network. Once constructed, the
experimental fracture systems were contaminated with residual PCE DNAPL. Using
conservative and interfacial tracers, the DNAPL architecture was assessed. In addition,
dissolution experiments were performed to evaluate DNAPL dissolution kinetics. DNAPL
dissolution also was evaluated during application of bioaugmentation, and during application of
chemical oxidation using both permanganate and persulfate.
This project was a collaborative effort among Shaw Environmental, Inc. (Shaw), the Colorado
School of Mines (CSM), and Auburn University. Shaw’s efforts focused on overall project
coordination, model development, and the single plane fracture systems. CSM efforts focused on
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the fracture network experiments. Auburn focused on development of the DNAPL dissolution
model in fracture systems.
Results
Results from both the single fracture and fracture network experiments demonstrated that,
compared to unconsolidated systems, residual DNAPL is not well contacted by migrating water.
This resulted in reduced dissolution rates, and persistence of DNAPL sources within the bedrock
fractures. While DNAPL dissolution during application of bioaugmentation was hindered by
these intrinsic mass transfer limitations, results showed that bioaugmentation was effective at
substantially enhancing the rate of DNAPL removal, despite dissolved PCE concentrations that
were at or near solubility. Microbially-enhanced dechlorination rates during bioaugmentation
were well described by a modified version of our previously developed bioaugmentation model.
Results also showed that removal of a relatively small fraction of the DNAPL mass resulted in a
large decrease in the dissolved PCE concentration.
Chemical oxidation was shown to be ineffective for treating DNAPL sources in bedrock
fractures in both the single fracture and fracture network experiments. This ineffectiveness was
due to decreases in the effective DNAPL-water interfacial area (as measured using interfacial
tracers) that were likely caused by oxidation reaction byproducts.

Benefits
This research demonstrated the difficulty in contacting DNAPL sources in fractured bedrock,
and highlighted the importance of mass transfer processes even at the single fracture scale.
However, results show that only partial removal of the DNAPL mass may be needed to
sufficiently improve groundwater quality. In terms of evaluating treatment technologies, results
of this study showed that bioaugmentation is a potentially effective remedial approach for
DNAPL sources in fractured rock, and likely is a better long term option than either persulfate or
permanganate oxidation.
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1. OBJECTIVES
The overall goal of this proposed research is to evaluate the dissolution of residual DNAPLs in
fractured geological settings during implementation of in situ chemical and biological remedial
technologies, and to investigate the subsequent impact of incremental DNAPL removal on
groundwater quality. Improved understanding regarding these phenomena are needed to
facilitate the design and monitoring of remedial activities in bedrock source zones. Specifically,
this proposal will address the following questions: 1) What is the rate of DNAPL dissolution
during chemical oxidation and bioaugmentation, and how does that dissolution vary with time?;
2) How effectively can chemical oxidation or bioaugmentation amendments be delivered to
DNAPL sources in bedrock fractures?; 3) What bedrock characteristics (e.g., aperture thickness,
matrix diffusion, dead-end fractures) impact DNAPL removal?; and, 4) What are the impacts of
fractional DNAPL removal on groundwater quality?
Several remedial technologies have been employed for treatment of DNAPL source areas in
unconsolidated porous media, which have given rise to a multitude of studies to evaluate
technology performance, to identify geologic conditions that can potentially impact treatment
effectiveness, and to determine the result of source zone remediation on groundwater quality.
Comparatively, only a limited number of remedial technologies have been evaluated for
treatment of DNAPL source areas in fractured bedrock, with relatively little known about the
performance, optimization, and limitations of these technologies in consolidated media.
DNAPL contamination is present in fractured bedrock at several DoD facilities. Improved
understanding of the processes controlling the dissolution of subsurface DNAPL source zones is
needed to assess contaminant impact on surrounding groundwater, predict the longevity and
persistence of DNAPL sources, select the appropriate remedial technologies, effectively design
and implement the selected in situ technologies, evaluate remedial performance, and estimate the
time needed to remediate a DNAPL source zone. Such understanding requires improved insight
into the fundamental pore scale processes impacting mass transfer between the DNAPL and
groundwater phases, as well as the impacts of these pore scale processes on the aquifer scale.
The rate of DNAPL dissolution is typically controlled by interfacial mass transfer between the
DNAPL and surrounding groundwater, especially during implementation of an in situ
remediation technology that involves a relatively rapid reaction in the aqueous phase (e.g.,
chemical oxidation, bioaugmentation). In situ chemical oxidation and bioaugmentation are two
technologies that are frequently implemented, thus understanding DNAPL dissolution processes
during application of these technologies is of particular interest.
Interfacial mass transfer between the DNAPL and surrounding groundwater is proportional
to the DNAPL-water interfacial area. However, comprehensive studies have not been
performed to evaluate and measure how pore scale DNAPL-water interfacial area varies as a
function of fracture morphology and fracture saturation (mL DNAPL per mL fracture
volume) as the DNAPL dissolves in fractured media. In addition, it is currently unclear how
chemical oxidation and bioaugmentation technologies impact the effective DNAPL-water
ER-1554 Final Report
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interfacial area during source area treatment, and the efficiency of amendment delivery to the
DNAPL-water interface in bedrock is not well understood. Without this information, it is
difficult to predict the long term rate of DNAPL dissolution, estimate the dissolved contaminant
flux emanating from the source area, determine the rate and dosage of remedial amendments, and
determine the extent of the DNAPL mass that will need to be remediated to facilitate a final
monitored natural attenuation remedy. Such tools would prove extremely useful at several DoD
facilities in order to improve the quality of remedial or site assessment.
This project focused on measuring and evaluating the architecture, dissolution rate, and impact
on groundwater quality of residually trapped tetrachloroethene (PCE) dense non-aqueous phase
liquid (DNAPL) from discrete bedrock fractures and fracture networks. Treatment using both
chemical oxidation and bioaugmentation also were evaluated in order to compare their relative
effectiveness and identify potential limitations in fractured settings.
The specific objectives of this project were as follows:
• Determine residual DNAPL saturation, distribution, and interfacial area characteristics in
various bedrock fractures and fracture networks;
• Measure and evaluate DNAPL-water interfacial area and dissolution rates as a function of
DNAPL saturation within the fractures;
• Measure and evaluate DNAPL dissolution kinetics during chemical oxidation and
bioaugmentation treatment in individual bedrock fractures and fracture networks;
• Identify potential limitations (e.g., fouling due to chemical precipitation or biological
growth, DNAPL in dead-end fractures) of chemical oxidation and bioaugmentation in
bedrock fractures;
• Evaluate the impact of partial DNAPL removal on groundwater quality;
• Develop and validate models to describe and predict DNAPL dissolution.
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2. BACKGROUND
2.1 DNAPL Architecture and Dissolution
Groundwater contamination by dense non-aqueous phase liquids (DNAPLs) is a widespread
environmental concern, and is a significant issue at many DoD facilities. Releases of chlorinated
DNAPL compounds such as tetrachloroethene (PCE) may result in the downward migration of
chlorinated solvents into fractured bedrock. DNAPL can become immobilized in bedrock
fractures as a residual phase, where it can serve as a long-term contaminant source to
groundwater. The subsequent rate of DNAPL dissolution into surrounding groundwater is
controlled by interfacial mass transfer between the DNAPL and groundwater. This is especially
true if groundwater velocities are high, as often is the case during implementation of a pumpand-treat remedial strategy, in fractured bedrock aquifers, and/or if there is a rapid reaction
occurring near the DNAPL-water interface (e.g., in situ chemical oxidation). This mass transfer
can be expressed by the following equation:
N = k ai V (Csat – C)

Eq. 2-1

where N is the rate of contaminant dissolution in surrounding groundwater (mg/sec), k is the
mass transfer coefficient (cm/s), ai is the DNAPL-water interfacial area per unit volume
(cm2/cm3), V is the unit volume of surrounding groundwater (cm3), Csat is the DNAPL aqueous
solubility (mg/cm3), and C is the measured (or, actual) groundwater concentration adjacent to the
DNAPL (mg/cm3).
The key parameters needed to evaluate and predict interfacial mass transfer between DNAPL
and water in fractured geological settings are still not well understood because fundamental
understanding regarding the configuration (i.e., DNAPL-water interfacial area) of dissolving
DNAPL in bedrock fractures is lacking. Theoretical predictions (1-4) and experimental
measurements (5-9) of fluid-fluid interfacial areas and DNAPL dissolution have been performed
for unconsolidated media. These studies have provided insight into DNAPL configuration and
morphology in sands and soils. The referenced DNAPL dissolution studies have generally
shown that dissolution flux is proportional to the DNAPL-water interfacial area.
While recent studies (9) have measured the interfacial area and developed correlations for
predicting an interfacial mass transfer coefficient in unconsolidated media, there is a notable
absence of any similar studies (simultaneously measuring interfacial area and DNAPL
dissolution) that have been performed for bedrock or fractured systems. Dickson and Thomson
(10) performed DNAPL dissolution experiments in fractures and developed a fracture dissolution
model to simulate dissolution of DNAPL in bedrock fractures. They note that their model is
sensitive to a morphology index, which represents the ratio of DNAPL-water interfacial area to
DNAPL volume. Similarly, simulations performed by Detwiler et al. (11) have shown that
dissolution of non-aqueous phases in fractures is not simply a function of entrapped saturation,
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but also of the geometry of the entrapped phase (i.e., DNAPL-water interfacial area).
Simulations performed by Rubin et al. (12) also confirm the need to understand the interfacial
mass transfer coefficient for NAPL dissolution in fractured bedrock. Thus, these studies identify
the need to measure and evaluate DNAPL-water interfacial area in bedrock fractures in order to
evaluate and predict DNAPL dissolution.
However, to the best of our knowledge,
comprehensive studies have not been carried out to evaluate DNAPL-water interfacial area,
DNAPL dissolution rates, and DNAPL architecture in fractured bedrock systems.

2.2 Bioaugmentation for Treatment of DNAPL Sources in Bedrock
Bioaugmentation for chlorinated ethenes typically involves the subsurface delivery of mixed
anaerobic cultures that contain Dehalococcoides spp. (DHC) that can reductively dechlorinate
the chlorinated ethenes; DHC are the only bacteria known to completely dechlorinate PCE and
TCE (13). Bioaugmentation for treatment of tetrachloroethene (PCE) and trichloroethene (TCE)
in groundwater has been successfully applied at numerous sites, including several DoD facilities.
While several laboratory and field studies have demonstrated the effectiveness of bioaugmenting
with DHC for treating dissolved phase PCE and TCE (14-17), the use of this approach for
treating PCE or TCE when present as a dense non-aqueous phase liquid (DNAPL) has received
far less attention. Because the overall value of addressing source area at chlorinated solvent
sites, treatment of DNAPL source areas increasingly has become a focus at many contaminated
sites (18-20). Batch and column studies have indicated that the presence of PCE DNAPL can
have an inhibitory effect on the reductive dechlorination of PCE during bioaugmentation (2123). Adamson et al. (22) noted the accumulation of TCE and cis-1,2-dichloroethene (DCE) in
the DNAPL source zone, without further dechlorination to vinyl chloride (VC) or ethene until
PCE concentrations decreased to approximately 10 µM. One recent study has indicated that
concentrations of dissolved PCE near saturation can permanently inactivate biomass (24).
Despite this apparent inhibitory effect of DNAPL on the reductive dechlorination of PCE,
bioaugmentation has been shown to enhance the rate of PCE DNAPL dissolution in sand
columns and flow cells by factors ranging from approximately 1.1 to 21 (23, 25-26).
Enhancement rates were typically higher when the dissolved concentration of PCE was less than
approximately 300 µM (23, 26). Other factors shown to impact DNAPL dissolution
enhancement and overall PCE dechlorination during bioaugmentation include microbial
dechlorination kinetics, water velocity (which impacts residence time and shear stress), electron
donor supply, bioclogging, pH, and DNAPL saturation and architecture (26-30). Becker and
Seagren (28) also show that non-DHC partial dechlorinators can play an important role in
DNAPL dissolution. Because PCE dechlorination products such as TCE or cis-1,2-dichlorethene
(DCE) have solubilities that are substantially greater than PCE, partial PCE dechlorination can
greatly enhance the overall rate of DNAPL dissolution.
While prior studies have provided insight into DNAPL dissolution processes during
bioaugmentation in unconsolidated media, published studies that evaluate similar mechanistic
processes of PCE DNAPL dissolution in fractured bedrock systems currently are lacking.
Several recent experimental and theoretical studies have focused on evaluating abiotic DNAPL
ER-1554 Final Report
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dissolution in bedrock fracture systems (10, 31-32), and DNAPL dissolution in fractures during
implementation of chemical oxidation (33). However, besides the research performed as part of
this project, we are unaware of any published studies that evaluate bioaugmentation for treatment
of DNAPL in fractured bedrock.
The distribution of microorganisms relative to the DNAPL will ultimately control the effective
diffusion (or, transport) length between the contaminant and the reactant. DNAPL-water
interfaces may also serve as sorptive sites for the microorganisms, thereby further impacting
microbial transport and kinetics within the targeted region. These issues, although critical to
DNAPL treatment via bioaugmentation in bedrock, have not been examined in sufficient detail.

2.3 Chemical Oxidation for Treatment of DNAPL Sources in Bedrock
Chemical oxidation for treatment of tetrachloroethene (PCE) and trichloroethene (TCE) in
groundwater has been successfully applied at numerous sites. Permanganate and persulfate are
among the oxidants that have been frequently used. Use of persulfate for treatment of PCE and
TCE typically requires use of an activator to attain sufficient treatment rates, which may be in
the form of heat, alkaline pH, or iron activation (34-39). While the reaction of these oxidants
with chlorinated ethenes in the aqueous phase have been carefully examined, their effectiveness
for treating PCE and TCE when present as a dense non-aqueous phase liquid (DNAPL) has
received less attention. Several laboratory studies applying permanganate have shown that
DNAPL mass removal rates quickly diminish long before DNAPL is completely removed due to
mass transfer limitations (40-42). Field studies using permanganate to treat DNAPL sources
have attained mixed results (43-47). The challenges associated with using permanganate to treat
DNAPL sources has been attributed to the formation of MnO2 and/or carbon dioxide gas
generation (42, 48-50). While the absence of MnO2 formation during persulfate reaction with
chlorinated ethenes is a potential benefit (compared to permanganate oxidation), we are unaware
of any published studies that examine DNAPL dissolution during persulfate oxidation.
The introduction of KMnO4 into the subsurface may exacerbate subsurface heterogeneities due
to manganese oxides precipitation from the oxidation reaction. Two primary types of manganese
oxides form during KMnO4 ISCO, amorphous particles /solids that result from the oxidation of
aqueous phase contaminants and the solid film that results at the interface of DNAPL and
KMnO4 (51). Figure 2-1 presents a photomicrograph comparison of the amorphous particles
generated during the aqueous phase contaminant oxidation (left) and the platelets forming the
interfacial film (right). The amount of manganese oxides particles that develop, grow, and
potentially settle as a result of KMnO4 ISCO with organic contaminant reactions is a function of
the particle size and concentration, the time allowed for particle development, and the impact of
matrix conditions on the ability of particles to agglomerate (52).
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Figure 2-1. (a) Photomicrograph of amorphous manganese oxide solids created from the
chemical oxidation of aqueous phase TCE by MnO4. Magnification=x500. (b) Photomicrograph
of manganese oxide film created during the chemical oxidation of NAPL phase TCE by KMnO4.
Magnification=x900 (51).

The formation of amorphous manganese oxide solids and/or the platelets in aqueous
environments affect the effectiveness of remedial actions in two ways including: 1) changes to
the hydraulic properties of the subsurface formation thereby affecting delivery of KMnO4 to the
contaminated areas and 2) increasing the sorption potential for many co-contaminant metals
found at sites contaminated with chlorinated organic compounds. Changes to the hydraulic
properties of the subsurface are due to pore-clogging and reduction in formation permeability.
Hydraulic alterations lead to changes and/or reductions in aqueous flow paths and velocities.
Conversely, permeability reductions in and around a DNAPL source zone may be considered
beneficial by reducing or blocking the flow through the DNAPL zone and effectively cutting off
the of dissolved contaminant flux (50). Once KMnO4 ISCO reactions are complete, subsurface
reactions continue to influence the long term fate and transport of manganese oxides.
Treatment of DNAPL sources in bedrock fractures using chemical oxidants poses additional
challenges. In laboratory scale fractured sandstone blocks, the ratio of DNAPL-water interfacial
area to residual DNAPL saturation was shown to be less in bedrock fractures than in
corresponding sands; DNAPL-water mass transfer coefficients in discrete bedrock fractures also
have been shown to be substantially less than in unconsolidated media (10, 32). These findings
suggest that DNAPL chemical oxidation in bedrock fractures may occur more slowly than in
unconsolidated media, thereby amplifying the adverse effects of product precipitate formation
observed in the studies described in the previous paragraph. Consistent with this assessment,
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Tunnicliffe and Thomson (33) showed that DNAPL dissolution enhancement was minimal and
MnO2 precipitation altered the flow field in bench scale permanganate oxidation experiments in
rock fractures. We are unaware of any other published studies examining the use of chemical
oxidants for treatment of DNAPL sources in bedrock.

2.4 Fracture Network Processes
Research centered on fracture network transport behavior is often based in numerical model
simulations of mixing at fracture intersections (53-56) or field-scale tracer tests (57-60). Keller
et al. (61) obtained images of intersecting fractures in a granite rock core that demonstrated that
fracture intersections are large aperture regions that may impact flow and contaminant transport.
Wood et al. (62) showed similar impacts of fracture intersections in unsaturated flow
experiments using limestone blocks.
Natural fractures usually constitute preferential conduits for propagation of solutes in rocks
and discontinuous media (54). Pankow and Cherry (63) describe DNAPL movement in fractured
geologic media as primarily controlled by the orientation and interconnection of the fractures. In
contrast, Reynolds and Kueper (64) state that aperture is the most important factor controlling
the migration rate of DNAPL through a single fracture since the authors relate an increase in
fracture aperture from 15 to 50 micrometers results in an approximately 20-fold increase in the
rate of migration. In reality, all these factors interplay to influence the migration of DNAPLs in
fractured media. As described by Kueper and McWhorter (65), the time taken for a non-aqueous
phase liquid to traverse a fractured aquitard is inversely proportional to the fracture aperture, the
fracture dip from horizontal and the height of the pool collected above the aquitard. When
DNAPL enters a fractured environment, it preferentially migrates through the larger aperture
pathways controlled by capillary pressure, wettability, interfacial tension and relative
permeability (63). The advancing DNAPL front and intersecting fractures will be only be
invaded if the capillary pressure of the DNAPL-water system exceeds the entry pressure (65).
The entry pressure of a DNAPL is seen to be directly proportional to the interfacial tension
between the DNAPL and the water (65).
The movement of two mutually immiscible liquids through a rough-walled fracture is often
considered to be analogous to the movement of these liquids through porous media, where the
distribution of apertures within the fracture parallels the distribution of pores and pore throats in
porous medium (65). However, Schwille and Pankow (66) investigated the spreading of lowconcentration DNAPL solutions (2 grams/liter) in fractured rock and showed that the process of
spreading in fractured media is much different than that in porous media and fractured media
usually cannot be modeled as quasi-equivalent porous media. The difference between the
findings of Kueper and McWhorter (65) and Schwille and Pankow (66) may be attributed to the
greater density and viscosity of a DNAPL versus a dissolved DNAPL solution.
The net effect of diffusive properties is to temporarily retard of the apparent movement of the
solute compared the aqueous phase (67) while simultaneously extending the longevity of the
contaminant in the subsurface. Dual domain transport commonly refers the matrix diffusion
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processes increasing the duration of a contaminant plume through storage of aqueous phase
contaminant in the surrounding rock matrix.
Matrix Diffusion: Matrix diffusion is the process whereby solutes dissolved in groundwater
diffuse into and out a rock matrix (68, 69). Forward diffusion occurs when dissolved
contaminants move into the rock matrix from the open fracture while back diffusion is the
process where dissolved contaminants will move out of the rock matrix and into water in the
open fractures (69). Figure 2 illustrates the matrix diffusion (forward) that may potentially occur
in fractured porous media, dependant on the physiochemical properties of the host rock.

Figure 2-2. Recreated and modified from Kueper et al. (69). Schematic representing both dual
domain transport scenarios A) Matrix diffusion (forward) and B) Dead-end fracture diffusion in
fracture setting.

The characteristics affecting matrix diffusion processes include the physical properties of the
rock and the chemical properties of the contaminant. Fick’s First Law best describes the resultant
aqueous chemical mass flux from the fracture into (or out of) the matrix (70):

Eq. 2-2
where JD is the effective diffusive flux (M/L2/t), in the xi direction of flow (L), φm is the matrix
porosity (-). De is the effective diffusion coefficient for the chemical solute in media (L2/t), Cw
is the aqueous solute concentration and ߲Cw/߲xi (M/L3/L) is the chemical concentration gradient
perpendicular to the flux. Conceptually, matrix diffusion is an important process impacting
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longevity of the aqueous contaminant source zone but loss of contaminant mass to the matrix
through diffusion does not significantly retard the migration rate of the actual DNAPL,
particularly in the 50 µm or greater aperture fractures (64).
Dual domain transport may also be observed in fracture setting where the contaminant is not
stored in the matrix alone, but rather in fractures outside of the primary flow path (i.e., “deadend” fractures). In natural fracture networks, dead-end fractures are not ‘‘dead’’ in terms of fluid
flow but rather small pressure differences will create local flow cells that particles can
advectively enter and will be delayed compared to particles not entering such low velocity zones.
(71). Storage of solutes in these dead end fractures, create a situation where the contaminant
reenters the primary flow path by back diffusion from the dead end fracture, as illustrated in
Figure 2. The influence of dead end fracture volume on the field study by Berkowitz and Scher
(72) found that dominant aspects of chemical (particle) transport in fracture networks—nonGaussian propagation—result from subtle features of the steady flow-field distribution through
the network. In analyzing fracture network solute transport, the presence of dead-end fractures
may mimic dual-domain transport from matrix diffusion.
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3. MATERIALS AND METHODS
3.1 Overall Approach and Rationale
Our approach for assessing DNAPL architecture dissolution in fractured bedrock was to
employ laboratory-scale fractures using well characterized fracture systems. Two types of
fracture systems were studied. The first were single fracture systems. These single fracture
systems consisted of a single horizontal fracture within a sandstone block, thus limiting flow and
dissolution processes to a single plane. The second type of system studies were fracture
networks. Fracture networks were constructed using several sandstone blocks. The horizontal
and vertical planes where the blocks came together formed the fracture network. This network
contained elements of a “real” fracture network, including fracture intersections, horizontal and
vertical fracture planes, and dead end fractures. Once constructed, these fracture network (both
the single fracture and fracture network) were used to evaluate DNAPL architecture and
dissolution, as well as treatment effectiveness during application of bioaugmentation and
chemical oxidation.
The overall approach for this project is outlined in Figure 3-1. Experiments consisted of
laboratory fracture studies at both the single fracture scale, as well as the fracture network scale.
Mathematical models were developed to describe DNAPL dissolution processes at both of these
scales. Details of the methodologies for these approaches are provided in the following sections.
TASK 1
TASK 2a
Discrete Fracture
Characterization

Construct
Laboratory-Scale
Fracture
Systems

TASK 2c

TASK 4

Bioaugmentation

Modeling

TASK 3c
ChemOx

ChemOx
TASK 5
Final Reporting
and
Manuscripts

Figure 3-1. Experimental approach, broken down by task.
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3.2 Task 1: Preparation of Fracture Systems – Single Fracture Systems
3.2.1 Rock Selection
Two rock-types were selected for this project. Based on discussions between Shaw and the
Colorado School of Mines (CSM), the criteria for selection included the following: 1) relevance
and representativeness of the rock type to DoD DNAPL-contaminated sites, 2) rock stability and
inertness relative to the selected chemical (i.e., chemical oxidation) and biological treatments, 3)
rock inertness with respect to the selected interfacial tracer (i.e., sodium dodecyl
benzenesulfonate (SDBS)), 4) ease at which fractures could be induced in the rock, and 5)
accessibility of the rock from local outcrops or commercial quarries.
Our initial intent was to use limestone as one of the model rock types. However, the
limestone interacted very strongly with the SDBS interfacial tracer, and substantial dissolution of
the rock appeared to occur in the aqueous system. Concerns also existed regarding potential
interactions between the limestone matrix and the chemical oxidants. Based on this information,
a Colorado sandstone was selected as the first model rock. This sandstone meets all the criteria
listed in the preceding paragraph. Fractured sandstone systems are present at many DoD
DNAPL sites, and preliminary testing showed that this rock was relatively inert to the SDBS
tracer and was readily fractured along naturally occurring mineral planes. A quarry local to
CSM carries ample quantities of this rock in pore-cut blocks that were suitable for the laboratory
experiments. A picture of the Colorado sandstone block is shown in Figure 3-2.

Figure 3-2. Top face of Colorado sandstone. Rock dimensions are 29 cm x 29 cm x 5 cm.
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An Arizona sandstone was selected for the second model rock type. This sandstone was
selected based on the same criteria and rationale as the Colorado sandstone, and provides for a
comparison between two different types of sandstone. As discussed in Section 3.2.3, the fracture
plane/roughness of the Arizona sandstone appears much smoother than that of the Colorado
sandstone. These differences in sandstone characteristics are expected to provide a meaningful
contrast for the dissolution experiments.
3.2.2 Initial Rock Characterization
Preliminary testing was performed on selected model rocks to evaluate their suitability for
the laboratory experiments and to determine key chemical and physical parameters that will be
needed to ultimately simulate DNAPL dissolution and contaminant fate and transport.
Surfactant Sorption
The anionic surfactant SDBS, which is used as an interfacial aqueous tracer to measure the
DNAPL-water interfacial area in the fracture experiments, was tested to determine if significant
interaction with the rock surfaces occurred. Substantial adsorption of the surfactant to the rock
surface within the fracture would likely inhibit measurement of surfactant sorption to the
DNAPL interfaces, thereby impeding our efforts to accurately measure DNAPL-water interfacial
area.
Initial testing was performed to measure adsorption of the SDBS surfactant on to the rock
surface. Testing was performed using the Colorado Sandstone, the Arizona sandstone, and a
limestone. For each rock type, rocks were broken into small pieces of approximately 0.5 cm
diameter, and 5 grams of rock were then placed into 40 mL glass serum bottles. Twenty mL of
deionized water containing 20 mg/L SDBS were then added to each bottle. Controls, which
contained the SDBS solution without rock, were also prepared. All bottles were capped with
Teflon septa and allowed to equilibrate at room temperature for 24 hours. Bottles were
periodically shaken. All treatments were prepared in duplicate.
After approximately 24 hours, the aqueous solution in each bottle was analyzed for SDBS.
SDBS was analyzed using a GENESYSTM 2 UV-spectrophotometer. Aqueous samples were
filtered with a 0.2 micron filter prior to analysis to limit the introduction of any fine particulates
that were generated from the rock. SDBS displays an adsorption peak at a wavelength of
approximately 235 nanometers. Adsorbance of SDBS in the rock-filled bottles was compared to
that of the controls to determine the extent of SDBS sorption to the rock.
Adsorption of Chlorinated Ethene to the Rock
Quantification of the sorption of chlorinated ethenes onto the rocks is needed to calculate the
retardation factors that will be needed to simulate contaminant fate and transport within the
fracture systems. A preliminary adsorption experiment was performed to measure adsorption of
PCE, TCE), and DCE onto the Colorado sandstone. Rocks were broken into small pieces of
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approximately 1.0 cm-diameter, and 6 grams of rock were then placed into 60-mL glass serum
bottles. Twenty mL of an artificial groundwater aqueous solution (AGW) (see Table 3-1 for
groundwater composition) were then added to each bottle. Controls, which contained the AGW
without rock, were also prepared. All bottles were capped with Teflon septa, and both treatments
were prepared in triplicate. A glass Hamilton syringe was used to amend all bottles with 50 μL
of a stock solution containing PCE/TCE/DCE dissolved in methanol. Final aqueous
concentrations were approximately 50 ppm of each solvent. Bottles were gently shaken for 24
hours at room temperature, and headspace samples (100 μL) were then analyzed on a Varian
3900 GC-FID (Palo Alto, CA).
Adsorption of bromide
Quantification of the sorption of the bromide tracer onto the rock is needed to verify that
bromide will act as a conservative tracer in the fracture experiments. An adsorption experiment
was performed to measure adsorption of bromide (Br-) onto the Colorado sandstone and the
Arizona sandstone. Rocks were broken into small pieces of approximately 1.0 cm-diameter, and
6 grams of rock were then placed into 60-mL glass serum bottles. Twenty mL of an AGW
solution amended with 100 ppm of bromide (as NaBr) were then added to each bottle. Controls,
which contained the AGW without rock, were also prepared. All bottles were capped with
Teflon septa, and both treatments were prepared in duplicate. Bottles were gently shaken for 72
hours at room temperature, and aqueous samples were filtered through a 0.2 micron filter and
then analyzed via ion chromatography (Dionex DX-120, Sunnyvale, CA).
An additional set of sorption experiments also was performed by placing 1-cm thick slabs
(approximately 45 cm2) of each rock (the Colorado and Arizona sandstones) in bromide
solutions for a minimum of two weeks. The rock slabs were then placed in bromide-free water,
and the mass of bromide that diffused out of the rock was measured. The volume of water the
rock was placed into was much greater than the volume of pore water in the rock.
Matrix Porosity
The porosity of the rock matrix could impact contaminant fate and transport during the
laboratory column experiments, as slow diffusion into or out of this low permeability region can
have lead to long-term “tailing” of contaminant concentrations. Rocks with large matrix
porosities typically have an increased potential and capacity for such uptake compared to rocks
with limited matrix porosity. Sandstones typically have a relatively large matrix porosity
(approximately 10%) compared to other rock types (e.g., granite).
Matrix porosities were measured for the Colorado and Arizona sandstones. Small
(approximately 11.5 cm x 5 cm x 1 cm and 13 cm x 9 cm x 1.5 cm, respectively) rectangular
blocks were oven dried at 105° C for 1 to 4 days and subsequently weighed; successive
measurements were collected until equilibrium conditions were attained. The blocks were then
immersed in artificial groundwater (AGW) (see Table 3-1 for groundwater composition) to allow
for infiltration of the water into the rock matrix. Water uptake into the rock was determined by
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measuring the wet rock mass. Water uptake was monitored until equilibrium conditions were
attained. Care was taken to removed and excess or pooled water on the rock surface prior to
weighing.

Table 3-1. Composition of artificial groundwater used in the fracture experiments.
Component
Concentration
(g/L)
MnSO4-H2O
0.001
NaSO4
0.18
NaCl
0.113
0.04
NaHCO3
HCl
pH to 6.5

3.2.3 Construction of Discrete Fractures
Creation of Fractures
Our initial strategy for inducing rock fractured was to implement the techniques used by
Reitsma and Kueper (73), where tension fractures were induced using by applying a pressure
along opposite edges of the rock, which mimics natural fractures formed by weathering or stress
relief. However, their technique was applied to limestone. The sandstone blocks used in this
project were not amenable to this technique because: 1) the sandstone rock was harder than the
limestone and more difficult to fracture, and 2) the sandstone blocks did not contain a dominant
fracture bedding plane, but rather consisted of secondary mineral bedding planes that were more
difficult to fracture.
As a result, an alternate technique of fracturing was employed. A 4-inch wide masonry
chisel was used to lightly tap along mineral bedding planes that were visible along the edges of
the sandstone blocks. The blocks used were approximately 29 cm x 29 cm x 5 cm thick. This
light tapping caused a distinct fracture to occur along a natural bedding plane. A picture of this
procedure is shown in Figure 3-3. The interior of the split Colorado and Arizona sandstones,
showing the “top” and “bottom” of the horizontal fracture plane, is shown in Figure 3-4. The
fracture surface was very irregular, creating an uneven fracture surface that mimicked the
naturally occurring bedding planes. The fracture procedure yielded similar results, but the
fracture surface of the Arizona sandstone was visually observed to be less rough and more
uniform than the Colorado sandstone. Two fracture blocks of each sandstone were constructed.
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Figure 3-3. Inducing fractures. Fractures were induced along natural mineral bedding planes of
the sandstone rocks.

Colorado Sandstone

Arizona Sandstone

Figure 3-4. Fracture roughness. Internal view of fractures for the Arizona and Colorado
sandstones.
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Fracture Block Design and Construction
The dimensions of the Colorado sandstone fracture blocks are 29 cm x 29 cm x 5 cm. The
two no-flow boundaries along the sides of the rock were sealed with Devcon plastic steel liquid
(Grainger, Robbinsville, NJ). To prevent evaporative losses, the top and bottom of the rock were
sealed with galvanized sheet metal that was attached with Devcon plastic steel putty (Grainger,
Robbinsville, NJ). Small holes (5/64”) were drilled along the influent and effluent sides of the
fracture (Figure 3-5a). Pressurized air was applied to remove the resulting dust. The plastic,
female luer fittings of stainless steel needles (16G) were removed prior to inserting the needle
bevels into the holes. Care was taken to maintain the natural aperture width of the rock (i.e., the
needles were not increasing the fracture aperture). Twelve needles were inserted into the influent
side of the rock, and 28 needles were inserted into the effluent side. Flow simulations using
MODLFOW and MT3DMS were performed to demonstrate that this number of injection points
would create a uniform flow field (assuming the fracture consisted of a uniform permeability
distribution).
The methods of Dickson and Thomson (10) for sealing the system were adapted for these
experiments. Devcon plastic steel putty (Grainger, Robbinsville, NJ) was used to seal the space
around the needles and along the length of the fracture (Figure 3-5b). Pieces of FEP-lined ultrachemical resistant tygon tubing (1/16” i.d.) were attached to the blunt ends of the needles to
serve as influent/effluent manifolds. Lengths were kept at a minimum to limit the volume in the
lines 1 . The influent lines were connected through a series of tees to a peristaltic pump
(Masterflex, Cole-Parmer Instrument Company, Chicago, IL).
The effluent lines were
connected to two Teflon manifolds (AutoMate Scientific, Berkeley, CA) in which the
polypropylene tubing was replaced with truncated stainless steel needles (Figure 3-6). The
manifolds were connected via Teflon tubing to a tee for sampling.
In order to achieve low flow rates (0.1 mL/min), a high precision/high pressure piston pump
and a pressure gauge was installed along the influent line. All fracture blocks were leak-tested to
verify the integrity of the sealant and fittings. Testing also was performed to verify that the
pressure drop across each manifold was less than the pressure drop across the fracture, thereby
confirming that the manifolds did not create any significant artificial flow effects within the
fracture. A picture of the completed apparatus is shown in Figure 3-7.

1

Based on the calculated volume of the fracture, the residence time in the effluent manifold was less that 10% of the
residence time in the fracture.

ER-1554 Final Report

25

a)

b)

Figure 3-5a,b. Fracture edges. Holes were drilled in the rock for insertion of stainless steel
needled. The fracture was sealed on all sides with the plastic steel.

Figure 3-6. Effluent manifold, made of Teflon, used to connect the effluent lines. Stainless
steel needles were used to connect this manifold to the Teflon-lines effluent lines.
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Influent manifold connected
to HPLC pump. Typical flow
of 0.1 mL/min.

Effluent collection

Figure 3-7. Completed discrete fracture system. Two Colorado and two Arizona systems were
constructed.

3.3 Task 1: Preparation of Fracture Systems – Fracture Networks
3.3.1 Network Construction
Two fracture network systems, designated Network A and Network B, were used for the
experiments and were based on discrete fractured rock assembly procedures previously
performed (10, 32, 62). Figure 3-8 presents a general schematic of the internal fracture network
arrangement used to conduct the bench-scale fracture network dissolution experiments and the
characterization tests. The networks were constructed using a low porosity (less than 3.2%, as
characterized by thin section analysis) Lyons Colorado Red Sandstone (CO Red). The CO Red
was purchased as three individual, equally sized, saw-cut sandstone blocks from Camp Stone,
Westminster, Colorado. Masonry tools were used to break each of the three CO Red blocks into
three smaller blocks by inducing regularly spaced fractures along the horizontal mineral bedding
planes (indicated by the dashed lines in Figure 3-8). Two fractures were induced in each large
block; the induced fracture surfaces were rough (due to the natural mineralogy), mimicking
natural fractures. The rough/chopped horizontal fractures were considered more realistic of a
natural fracture network setting and were chosen for use along the primary flow pathway while
the smooth/cut vertical fractures were oriented perpendicular to the primary flow paths. Table 32 summarizes the physical properties of the experimental networks described herein. The initial
design arrangement was used for one 100-day dissolution experiment. Network A was used for
dissolution experiments 2 through 4 and bioaugmentation experiment. Network B was used for
dissolution experiments 5 through 8 and ISCO with KMnO4 experiments.
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Figure 3-8. Experimental design and schematic of fracture network arrangement for Network A
and Network B used for DNAPL dissolution experiments. Split faces are indicated by dashed
line (horizontal) and saw cut faces are represented by the straight blue line (vertical). Black
circles around side ports are locations represent the location of side ports for Network A, all
ports labeled “S” refer to Network B. Network A Experiments 1 through 3 were injected through
influent manifold. Top highlighted area (influent side) corresponds to DNAPL injection location
for Network A Experiment 4 and Network B experiments.
Table 3-2: Physical properties of the two experimental networks.
Network A

Network B

Length in Direction of Flow
(cm)

24

31

Width perpendicular to flow
(cm)

24

30

Height of experimental
apparatus (cm)

42

29

Horizontal Fractures(#)

2

2

Vertical Fractures (#)

2

2

Matrix porosity (%)

3 (± 0.2%)

3 (± 0.2%)

Flow Ports (total #)

16
(8 influent/8 effluent)

20
(10 influent/10 effluent)

Sample Ports (#)

9
(4 on each side/0 top/1
bottom )

46
(14 on each side/10 top/8
bottom)
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Early iterations of the experimental network design, encased the fractured CO Red blocks
with 0.32 cm thick Teflon® lined aluminum sheets (aluminum encasement) on every side. Prior
to assembly, eight 1.5 cm diameter holes were drilled into the influent and effluent sides of the
encasement (16 holes total), four on each side of the top horizontal fracture and four on each side
of the bottom horizontal fractures. Brass fittings were threaded into the holes and 0.32 cm i.d.
viton tubing was attached to create the influent and effluent manifolds. Four 1.5 cm diameter
holes were drilled on each side of the initial network design at the fracture intersections and
perpendicular to the primary flow pathway. Four brass ball valves were threaded into each side
(eight total) to enable spatial sampling at the fracture intersections. A 2.5 cm diameter drain port
was drilled into the bottom encasement sheet, aligned with the influent side vertical fracture, and
used to drain fluids from the network through a single ball valve threaded to the drain port. The
aluminum encasement was assembled around the CO Red, sealed with Hercules® non-volatile
organic compound plumbing caulk and compression was applied using standard clamps across
two locations on each side and from top to bottom to minimize average network aperture. After
the initial 100-day dissolution experiment (experiment 1), the fracture network was
disassembled, cleaned, and reassembled as Network A.
Network A
Network A was encased with 0.32 cm thick Teflon® lined aluminum sheets (aluminum
encasement) on every side and horizontal fractures were best-fit fracture surfaces. Influent,
effluent and side sampling ports were created by1.5 cm diameter holes drilled into the aluminum
encasement. Influent and effluent ports were aligned with the two horizontal fracture surfaces
and had brass fittings threaded into each hole that enabled attachment of 0.32 cm inner diameter
(i.d.) viton tubing for effluent sampling. Prior to assembly, eight 1.5 cm diameter holes were
drilled into the influent and effluent sides of the encasement (16 holes total), four on each side of
the top horizontal fracture and four on each side of the bottom horizontal fractures. Brass fittings
were threaded into the holes and 0.32 cm inner diameter (i.d.) viton tubing was attached to create
the influent and effluent manifolds. Sampling ports on the sides of the experimental apparatus
were also constructed. Four 1.5 cm diameter holes were drilled on each side of Network A at the
fracture intersections and perpendicular to the primary flow pathway. Four brass ball valves
were threaded into each side (eight total) to enable spatial sampling at the fracture intersections.
A 2.5 cm diameter drain port was drilled into the bottom encasement sheet, aligned with the
influent side vertical fracture, and used to drain fluids from the network through a single ball
valve threaded to the drain port. The aluminum encasement was assembled around the CO Red,
compression was then applied in all directions of the network using a standard clamp system to
produce the smallest fracture apertures possible. Following compression the aluminum casing
was sealed with Hercules® non-volatile organic compound plumbing caulk to create a closed
system. Three-way valves and 0.3 cm i.d. viton tubing were attached in advance of the influent
manifold and at the end of the effluent manifolds and used as a manometer to monitor pressure
head across the network during the experiments. Brass ball valves were installed at the fracture
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intersections perpendicular to the primary flow pathway into the sample ports drilled into each
side of the experiment and one sample/drain port was installed on the bottom of the network.
The interior of all ports (sample and flow) were comprised of chemically inert materials
(primarily Teflon, brass or stainless steel) so as not to interact with the PCE in the experimental
network. The aluminum encasement was assembled around the CO Red, compression was
applied in all directions of the network using a standard clamp system to produce the smallest
fracture apertures possible and then sealed with Hercules® non-volatile organic compound
plumbing caulk. The assembled dimensions of Network A were 42 cm high, by 24 cm long by
24 cm wide, with each of the nine blocks sized 14 cm high, by 20 cm long by 8 cm wide.
Network B
Network B was constructed to produce fracture apertures and aperture distributions that were
different and smaller than those in Network A and to produce equal distances between fracture
intersections to assess the uniformity of DNAPL distribution within the network. Network B was
constructed similarly to Network A with the following exceptions: the horizontal fracture
surfaces were the matched induced fracture mates (producing a smaller average aperture than
Network A) Devcon® plastic steel putty was used in place of the 0.32 cm thick aluminum
casing; and flow and/or sample ports were created with 16- to 20-gauge stainless steel needles
carefully emplaced at regular intervals across the horizontal and vertical fractures, respectively
used as effluent flow ports and sample ports (Figure 4-1).
During assembly of Network B, aperture measurements were collected using a gap gauge at
the locations where sample ports would planned for installation to quantify the aperture size in
the vicinity of spatial sample locations. Measured aperture values were also used to compare to
apertures calculated from tracer testing (discussed in detail in Section 3.4). Stainless steel
needles were inserted into the fractures with care to ensure the needles did not increase the
existing fracture apertures. The interior of all ports (sample and flow) were comprised of
chemically inert materials (primarily Teflon or stainless steel) so as not to interact with the PCE
in the experimental network. Needles in the two horizontal fractures of the influent and effluent
sides of the network were used to construct influent and effluent manifolds. These manifolds
were constructed of 0.16 cm i.d. Teflon tubing attached to the 16-gauge flow port needles using
volatile organic compound free caulking and covered with Devcon ® plastic steel putty. Threeway valves were attached in advance of the influent manifolds and at the end of the effluent
manifolds to serve as manometers for measuring difference in hydraulic head (head) across the
network during dissolution and tracer testing. Compression was applied in all directions of the
network using a standard clamp system to produce the smallest fracture apertures possible. Once
assembly was complete, the entire system was sealed in plastic steel putty to prevent evaporative
losses from the network during the course of dissolution experiments. The assembled
dimensions of Network B were 28 cm high by 31 cm long by 30 cm wide, with each of the nine
blocks sized 9.3 cm high by 31 cm long by 10 cm wide.
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3.3.2 Rock Characterization - Sorption
SDBS is an anionic surfactant used as an interfacial aqueous tracer to measure the DNAPLwater interfacial area in the fracture network experiments. Sorption testing was conducted to
determine if adsorption of the surfactant to the rock surface was observed since substantial
adsorption would inhibit accurate measurement of surfactant sorption to the DNAPL interfaces
and quantification of the DNAPL-water interfacial area. Five grams of CO Red sandstone,
broken into small pieces of approximately 0.5 cm diameter, were placed in 50 mL glass flasks
with 40 mL of 100 mg/L SDBS aqueous solution (the maximum concentration used in any
interfacial area tracer test). The 50 ml sorption test flasks were sealed and agitated for 72 hours.
Sorption tests were conducted in duplicate with controls that contained the SDBS solution
without rock. At 72 hours, the aqueous solution in each bottle was analyzed for SDBS using a
Beckman Coulter DU 800 UV/Vis Spectrophotometer at 225 nanometers. Prior to UV analysis,
aqueous samples were filtered with a 0.2 micron filter prior to analysis to remove fine rock
particulates. Absorbance of SDBS in the rock-filled bottles was compared to the controls to
determine the extent of SDBS sorption to the rock. Results of the sorption testing revealed that
sorption/interaction of SDBS, PCE, and bromide to the CO Red was negligible (<5% of solute
mass sorbed to the rock) and will not be discussed further.
Bromide is a conservative tracer and the elution curve of bromide during tracer testing is
used as a basis of comparison for SDBS to determine DNAPL-water interfacial area in the
fracture network experiments. Sorption testing was conducted to determine if adsorption of the
conservative tracer to the rock surface was observed since substantial adsorption would distort
quantification of the DNAPL-water interfacial area. Five grams of CO Red sandstone, broken
into small pieces of approximately 0.5 cm diameter, were placed in 50 mL glass flasks with 40
mL of 100 mg/L aqueous bromide solution (the maximum concentration used in any interfacial
area tracer test). The 50 ml sorption test flasks were sealed and agitated for 72 hours. Sorption
tests were conducted in duplicate with controls that contained the bromide solution without rock.
At 72 hours, the aqueous solution in each bottle was analyzed for bromide using an ion-specific
conductivity probe. Prior to ion analysis, aqueous samples were filtered with a 0.2 micron filter
prior to analysis to remove fine rock particulates. Bromide results from the rock-filled bottles
were compared to the controls to determine if bromide adsorbed to the CO Red rock.
Aqueous phase PCE sorption onto the CO Red rock was quantified to determine contaminant
fate and transport within the fracture network. Two grams of the CO Red was broken into pieces
of approximately 0.5 cm diameter and placed into 20-mL glass serum bottles with 20 ml of 38
mg/L aqueous PCE solution. Controls, which contained the PCE solution without rock, and
initial PCE samples were collected from each bottle. All bottles were capped with Teflon septa,
and both treatments were prepared in duplicate. Bottles were gently shaken for 72 hours at room
temperature, and then 2 ml aqueous samples were collected from the serum bottles and analyzed
on a Shimadzu GC-17A with FID for aqueous phase PCE concentrations.
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3.3.3 Rock Characterization – Rock Matrix
Diffusion
The rate of maximum solute uptake into the rock matrix was estimated using a derivation of
Fick’s First law for steady state diffusion across a membrane where:

Eq. 3-1
J is the diffusional flux (mg/cm2/sec), L is the experimental length (cm), and C is the solute
concentration (mg/cm3) and Deff is the effective diffusion coefficient (cm2/sec). Deff of the CO
Red rock matrix was quantified as an empirical function of the CO Red porosity using a
normalized diffusion coefficient (or diffusivity) as presented in Boving and Grathwol (74):
Eq. 3-2
where ε is the matrix porosity, m is an empirical exponent related to the tortuousity of the rock,
Daq represents the aqueous diffusion coefficient of the solute. The m value for CO Red was
estimated as 1.64, based on its similar properties to the Fontainebleau Sandstone (72). The
diffusional flux, J, in Equation 3-1 was then used to calculate the maximum diffusional flux into
the rock matrix (Mu):
Eq. 3-3
where A is the surface area of the horizontal fractures (cm2) based on the known area of the cut
sandstone blocks. The rate of solute migration through the fractures (Mf) was then estimated
using
Eq. 3-4
where Q is the volumetric flow rate (cm3/sec) and C is the solute concentration (mg/cm3). The
ratio of Equation 3-3 to Equation 3-4 (Mu/Mf), estimates the percentage of solute mass uptake by
the matrix based on the solute mass available in the fracture network. A value less than 0.01
would indicate that the rate of solute mass uptake into the matrix is substantially less than the
rate of mass migration through the fractures and can be neglected when assessing solute
transport. A value greater than 0.1 would indicate the rate of solute mass uptake by the matrix
needs to be considered when evaluating mass transport through the experimental system.
Matrix diffusion calculations for Mu/Mf provided a maximum value of 10-4 for all solutes,
indicating that mass uptake into the matrix is substantially less than the rate of mass migration
through the fractures and can be neglected in evaluating solute transport in the fracture network
experiments.
ER-1554 Final Report

32

Natural Oxidant Demand
Natural oxidant demand (NOD) tests for the CO Red in the presence of KMnO4 were
conducted in 20 mL glass serum bottles using 2.5g crushed CO Red rock with 20 ml of 2 g/L
(equivalent to 1.5 g/L MnO4-) or 10 g/L (equivalent to 7.5 g/L MnO4-) KMnO4 solutions.
Experiments were conducted in duplicate for each KMnO4 concentration and compared to two
KMnO4 controls at the same concentrations that did not contain crushed CO Red. The NOD tests
were conducted for 10 days. KMnO4 readings from each vial were collected every two days.
NOD testing determined the oxidant demand of the CO Red was negligible, on average 0.07 %
of the KMnO4 applied was consumed by CO Red NOD of the course of the each experiment.
NOD experiments at low pH (pH = 2.0) were conducted to identify if increased oxidant
losses occurred due to low pH conditions. These tests were conducted similarly to the NOD
testing except the 2 g/L and 10 g/L KMnO4 solutions were reduced to a pH of 2, the lowest pH
expected during KMnO4 applications. The low pH tests were also conducted for a 10 day period
and were compared to controls that did not contain CO Red. When not being sampled, the vials
containing the oxidant solutions were stored in a non-transparent container to prevent breakdown
of the oxidant by light. A slight (2%) increase in oxidant demand was observed in the controls
and the experiments containing CO Red during the low pH tests. Based on the concentration of
the KMnO4 delivered to the network, the increased oxidant demand was not expected to
significantly impact oxidant deliver. Testing of KMnO4 consumption at the reduced pH
determined a 3% increase in KMnO4 consumption was observed over the 10 day period (the
longest KMnO4 application conducted was 10 days), which falls within the analytical limits of
the visual spectrophotometer. Approximately 97% of the oxidant concentration at the 2.0 pH was
maintained at the end of the 10 day, low pH NOD tests.

3.4. Task 2a: Single Fracture Characterization & Dissolution Experiments
3.4.1 Fracture Characterization without DNAPL Present
Initial fracture-flow experiments were performed to characterize the fracture for each of the
four rocks, which consisted of the two Colorado rocks (labeled C1an C2) and the two Arizona
rocks (labeled A1 and A2). All rocks were pre-wetted for several days to ensure that the rock
matrix was water-saturated prior to initiating fracture flow experiments. The absence of any
retardation of the SDBS tracer (which will sorb to the air-water interface (75)) during the initial
tracer testing (prior to DNAPL addition, and described in the following paragraph) confirmed
that significant trapped air was not adjacent to the water flow path. The pressure drop across
each rock fracture at a given flow rate was measured using a manometer tube; this testing was
performed to provide an estimate of fracture aperture.
Bromide and SDBS tracer tests were performed in the absence of PCE DNAPL for each
rock. This testing was performed to: 1) verify that SDBS sorption to the rock surface was
negligible, as evidenced by co-elution of the SDBS with the bromide, 2) evaluate potential
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impacts of matrix diffusion on solute transport through the fracture plane, and 3) to evaluate
fracture aperture and aperture distribution. Influent bromide and SDBS concentrations were 20
mg/L and 50 mg/L, respectively. Influent lines were pre-purged with tracer to limit residence
time in the influent tubing prior to entry within the rock. Effluent samples were collected as a
function of time and analyzed for each tracer. Tracer testing was typically performed at a flow
rate of approximately 0.1 mL/min, although small (about a factor of two) changes in flow rate
were used to confirm that the measured quantities were not a function of flow rate. Tracer
experiments were performed at least in duplicate for each rock.

3.4.2 Dissolution of Residual DNAPL
Residual PCE was attained in the fractures by injecting two fracture volumes of PCE through
the manifold at a flow rate of approximately 1.1 mL/min. To avoid contamination of the HPLC
pump, a peristaltic pump (Masterflex) was used to inject the PCE DNAPL into the watersaturated fractures. In order to avoid contamination of the influent manifold used for the tracer
experiments, a second manifold using FEP-lined tygon tubing was used during PCE injection.
Displacement of water from the rock effluent typically ceased before one fracture volume of
PCE had been delivered; water and PCE appeared to flow through the same effluent ports in each
experiment. A minimum of two fracture volumes of artificial groundwater was then injected into
the rock at a flow rate of approximately 1 mL/min to attain residual PCE saturation. PCE
displacement from the rock typically ceased within one fracture volume of water injection. An
additional two fracture volumes (minimum) of water were subsequently injected into the rock at
a flow of approximately 10 mL/min (Capillary Number ~ 10-5) to ensure that all mobile PCE was
displaced from the fracture and influent/effluent manifolds, and to ensure that PCE would not be
mobilized during the dissolution experiments.
The residual PCE volume for each experiment was measured volumetrically as the difference
between the PCE volume injected into the rocks and the total volume of PCE DNAPL that was
recovered from the effluent after each post-PCE water flood; only separate-phase PCE was
considered, as the volume of dissolved PCE was insignificant compared to the non-aqueous
phase volume. Evaluation of alternate PCE flooding sequences were not performed in this study,
thus results are limited to the PCE saturation history examined in these experiments.
After attaining residual PCE saturation (defined as residual PCE volume divided by the
fracture volume) for each rock, bromide and SDBS tracer tests (0.1 mL/min flow rate) were
repeated for each rock. Following the tracer testing, PCE dissolution kinetics were evaluated by
measuring the effluent PCE concentrations as a function of flow rate (ranging from
approximately 0.1 to 3 mL/min). To ensure equilibrium conditions, a minimum of two fracture
volumes of water (without SDBS) at each tested dissolution flow rate were allowed to flow
through the rock before an effluent concentration was measured. Because of the relatively low
solubility of PCE, PCE mass removal during the dissolution testing did not result in a significant
reduction in the residual PCE DNAPL mass (<5%).
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At the conclusion of the experiment, several fracture volumes of ethanol were injected into
the fractures to displace and dissolve the residual PCE. PCE concentrations in the effluent
ethanol solution were measured to determine the mass of PCE DNAPL in the fractures, and to
verify that the DNAPL had been removed prior to beginning additional experiments. Any
DNAPL free-product that eluted during the co-solvent flooding also was included in the overall
DNAPL mass balance.

3.4.3 Determination of DNAPL-Water Interfacial Area
Bromide and SDBS tracer testing, as described in the previous section, were performed both
with and without DNAPL present in the fractures. These tests were performed to 1) evaluate any
changes in flow/dispersion due to entrapment of the residual PCE, and 2) provide a measurement
of the effective DNAPL-water interfacial area.
Retardation factors for the SDBS relative to the bromide were calculated using CXTFIT, and
assuming a single domain equilibrium model. The DNAPL-water interfacial area, defined as the
DNAPL-water area divided by the fracture volume, was calculated using the regressed
retardation factor and by applying the Gibbs Adsorption Equation as follows
Γ=−

MW dγ
MW dγ
=−
C
RT dC
RT d ln C

Eq. 3-5

where
Γ = mass of surfactant sorbed at interface per unit area [kg/m2]
R = gas constant [mJ/mol K]
T = temperature [K]
γ = interfacial tension between DNAPL and water [mN/m]
MW = surfactant molecular weight [kg/mol]
C = aqueous phase surfactant concentration [kg/m3]
And the following expression for the retardation factor:
R = 1 + aΓ/C0

Eq. 3-6

where a is the PCE-water interfacial area (cm2/cm3 fracture volume), and C0 is the influent SDBS
aqueous concentration. The value of Γ was determined by taking the derivative of the curve
relating SDBS aqueous concentration to the PCE-water interfacial area.
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3.5. Task 2b: Single Fracture Bioaugmentation Experiments
Experiments were performed using the four single fracture systems (A1, A2, C1, and C2)
prepared with residual PCE DNAPL as described in Section 3.2.3. The objective of these
experiments was to measure and assess the extent of microbially enhanced reductive
dechlorination that occurred in the fractures, and to measure the extent of DNAPL dissolution
enhancement that occurred as a result of the bioaugmentation treatment. In addition to the
fracture experiments, an initial set of batch experiments was performed to serve as a baseline for
comparison.
For all bioaugmentation experiments, Shaw’s commercially available SDC-9 culture was
used (76). The SDC-9 culture was isolated by enrichment culturing of aquifer samples from a
southern California site. The culture contains at least two Dehalococcoides (DHC)-type
organisms as determined by denaturing gradient gel electrophoresis (Microbial Insights,
Knoxville, TN) (data not presented), and it is able to respire PCE, TCE, DCE and VC. The role
of the individual DHC strains in dehalorespiration of these compounds, and the identity of lactate
fermenting strains in the culture, have not been determined.

3.5.1 Batch Bioaugmentation Experiments
Batch reactor experiments were performed to evaluate PCE dechlorination kinetics by DHC
in the presence of PCE DNAPL. Experiments were performed by adding 6 L of artificial
groundwater to each of two nitrogen sparged 6.5-L autoclavable bioreactors (Applicon, Inc.,
Foster City, CA). Approximately 10 mL of PCE was added to each reactor. This amount of PCE
was sufficient to saturate the overlying aqueous solution, and maintain the presence of
undissolved DNAPL throughout the duration of the experiment. Each reactor also was amended
with sodium lactate (final concentration of 1,000 mg/L), yeast extract (final concentration of 300
mg/L), and DHC (109 cell/L). The reactors were continuously mixed (250 rpm) and maintained
at room temperature (~21 oC). The reactors were operated for 100 days, with periodic sampling
for chlorinated ethenes, reduced gases, anions, and volatile fatty acids. For anions and volatile
fatty acids, 1 mL aqueous samples were collected and filtered (0.25 µm) prior to analysis. For
chlorinated ethenes and reduced gases, 5 mL aqueous samples were collected, preserved with
acid, and equilibrated in a 14 mL glass serum bottle (with septa) prior to headspace analysis.
An additional batch experiment was performed similar to those described by Schaefer et al.
(17) to evaluate microbial PCE dechlorination at elevated (near the aqueous PCE solubility)
dissolved concentrations, but in the absence of DNAPL. Glass serum bottles (13 mL) with
Teflon-lined rubber septa were prepared in duplicate with 13 mL artificial groundwater and
dissolved PCE (final concentration of approximately 0.95 mM). The bottles were inoculated
with bacteria to attain a final concentration of approximately 5x1011 DHC/L. Sodium lactate was
added for a final concentration of 1,000 mg/L. A parallel set of controls were prepared without
bacteria or lactate. Periodic sampling for chlorinated ethenes and reduced gases was performed.
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3.5.2 Fracture Bioaugmentation Experiments
Bioaugmentation experiments on the fractured sandstones were performed after residual PCE
DNAPL saturation was attained in the rocks, as described in Section 3.4.2. The seven sandstone
bioaugmentation experiments are summarized in Table 3-3.

Table 3-3. Experimental design for the bedrock fracture bioaugmentation experiments. Flow
velocity is calculated by dividing the influent volumetric flow rate by the fracture aperture
(calculated by bromide tracers), the fracture width (29 cm), and the water-filled porosity.
Dissolution enhancement factors were calculated at the end of the experiment, or the end of
electron donor addition.
Experiment

Rock

DHC Inoculation
(cells DHC)

Flow Velocity
(cm/min)

1

A1

3 x 106 (day 0)
8 x 108 (day 91)

0.10

Dissolution
Enhancement
Factor (Eq. 6-1)
5.0

2

A2

3 x 106 (day 0)
8 x 108 (day 91)

0.062

1.1

3

A1

4 x 108

0.10
(decreased to 0.025 on day 13)

3.5

4

A2

4 x 108

0.062
(decreased to 0.015 on day 13)

3.4

5

C1

2 x 109

0.11
(decreased to 0.022 on day 37)

1.4

6

C2

2 x 109
2 x 1011 (day 58)

0.11
(decreased to 0.022 on day 37)

1.3

7

C1

4 x 108

0.044
(increased to 0.22 on day 29)

Not Calculated

After attaining residual DNAPL saturation, the influent artificial groundwater was amended
with 500 mg/L sodium lactate, 300 mg/L yeast extract, and 200 mg/L diammonium phosphate.
The artificial groundwater solution used in the bioaugmentation experiments was prepared in an
anaerobic chamber (Coy Laboratory Products, Inc., Model AALC) and transferred to Tedlar bags
with single polypropylene fittings (SKC, Inc.) to serve as influent reservoirs for the fractures.
The Tedlar bags were connected to a Whatman filter device (Polycap 36 HD disposable filter
capsule, MAPP filter media with polypropylene housing, 10 µm pore size) with Viton tubing and
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delivered to the fractured rocks at the selected flow rates (0.02 to 0.2 cm3/min) using piston
driven high performance metering pumps. Resultant ground water velocities in the fractures
were within ranges observed under natural conditions in conductive bedrock fractures (58, 77).
The fracture was flushed with the prepared anaerobic solution for a minimum of two days,
after which bioaugmentation using the DHC-containing SDC-9 culture was performed. Five
milliliters of the desired inoculation dosage was delivered to the fractures via the influent
manifold using a syringe pump at a flow rate of 0.1 mL/min. After the DHC inoculation,
delivery of the lactate/yeast extract/diammonium phosphate solution from the Tedlar bags recommenced.
The effluent artificial groundwater was drip-collected in a 10 mL plastic tube for analysis of
pH, anions, DHC, and volatile fatty acids. This collection process limited any further reductive
dechlorination by exposing the DHC to atmospheric air (76). Lack of additional dechlorination
during sample collection and storage was verified by analyzing for chloride at 1, 2, and 4 days
and observing no increasing trend in chloride concentration.
For analysis of chlorinated ethenes and reduced gases in the effluent, effluent lines from the
fracture effluent manifold were connected to a 3 mL sample vial that was crimp sealed with
Teflon-lined butyl rubber septa. The sample vials were configured so the effluent exited
approximately 1 cm above the fracture to prevent gravity drainage of liquid from the fractures.
Effluent flowed through the trap and exited via a 20 gauge needle (Figure 3-9). The sample vial
was amended with 15 µL of 18% hydrochloric acid approximately 30 minutes prior to collection
to maintain the pH less than 2, thereby inhibiting the dechlorination activity of the DHC (22).
Contents of the vials were then transferred to 5 mL glass vials with Teflon-lined septum screw
caps (containing an additional 15 µL of 18% hydrochloric acid) for headspace analysis. Parallel
testing was performed to ensure that this sample collection method did not result in any
appreciable volatilization losses. Fractures were flushed sequentially with ethanol, base (0.1 N
NaOH), acid (0.1 N H2SO4), and artificial groundwater after each experiment to remove
remaining DNAPL and biomass.

ER-1554 Final Report

38

Colorado 2

Colorado 1

Figure 3-9. Experimental fracture apparatus constructed from sandstone blocks (influent
manifold on the left, and effluent manifold on the right). Each rock was approximately 29 cm
long (L) x 29 cm wide (W).
Experiment 7 (C1) was performed to evaluate the impacts of flow rate on effluent DHC
concentrations, and to verify that injected DHC were not rapidly eluting through the fracture
prior to collecting effluent samples. All fracture effluent was continuously containerized in glass
beakers over a 10 day period following inoculation. The flow rate was increased after 29 days to
assess the impact of velocity on DHC elution. Effluent monitoring of chlorinated ethenes,
reduced gases, anions, or volatile fatty acids was not performed for this experiment.

3.6. Task 2c: Single Fracture Chemical Oxidation Experiments
3.6.1 Oxidant Demand Testing on Colorado and Arizona Rocks
Batch experiments were performed in order to determine the oxidant demand of the Arizona
and Colorado sandstones. Batch experiments to measure rock oxidant demand were conducted
in duplicate for each sandstone using polyethylene sample bottles containing 200mL of artificial
groundwater, 200g of crushed rock (approximate particle size of 10 to 30 mm), and amended
with either 10,000mg/L of potassium permanganate or 20,000mg/L of sodium persulfate with
150mg/L of ferrous iron ethylenediaminetetraacetic acid (Fe-EDTA) activator. Duplicate
controls without rock material also were prepared. The bottles were incubated at room
temperature (21.5±0.4 ºC), periodically shaken over a two day period, then sampled to measure
oxidant concentration in the aqueous phase.
An additional permanganate batch experiment was performed using crushed rock, artificial
groundwater with the pH adjusted to 3, and 10,000 mg/L permanganate. This test was performed
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to determine if the rock oxidant demand would increase if the pH was reduced to 3 (as discussed
in Section 8, the pH of the effluent solution was near 3, likely due to the oxidation reactions). A
control was prepared that contained no rock. Bottles were prepared in duplicate. After 48 hours
of incubation, the permanganate concentration was measured in each sample.
Persulfate concentrations were measured using a 3mL sample aliquot. The 3 mL sample
aliquot was placed in a 50mL Erlenmeyer flask and combined with 100mg of KI. The solution
was titrated using a 0.01N standardized sodium thiosulfate solution from a calibrated burette to
the flask. When the flask color turned a faint yellow 3mLs of starch solution were added to turn
the solution dark blue. The titration was continued until the blue color disappeared. The volume
of sodium thiosulfate was used to calculate the concentration of persulfate in the sample.
Samples amended with rock were compared to controls (no rock added) to calculate the oxidant
demand of the rock. Aqueous permanganate concentration was calculated using a Thermo
Scientific Genesys 2 UV-spectrophotometer at a wavelength of approximately 525nm;
permanganate oxidant demand was calculated by measuring the difference between the rockamended samples and the controls.

3.6.2 Chemical Oxidation Experiments in Rock Fractures
Chemical oxidation experiments on the single fractured sandstones were performed after
residual PCE DNAPL saturation was attained in the rocks. Methodology for attaining residual
DNAPL saturation in the rocks are described in Section 3.4.2. A total of five chemical oxidation
experiments were performed in the residual PCE-containing fractures. These experiments are
described in Table 3-4. The oxidant solutions was stored in a 1 L glass reservoir that was
shielded from ambient light. For the persulfate experiments, the Fe-EDTA solution was stored in
a separate reservoir to prevent reaction with the persulfate. The reagents in the reservoir bottles
were delivered to the fractured rocks at approximately 0.1 cm3/min total flow using piston driven
high performance metering pumps. Resultant ground water velocities in the fractures were
within ranges observed under natural conditions in conductive bedrock fractures (58, 77).
Delivery of the oxidant was continuous during the duration of the experiments.
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Table 3-4. Experimental design for the bedrock fracture chemical oxidation experiments. Flow
velocity is calculated by dividing the influent volumetric flow rate by the fracture aperture
(calculated by bromide tracers), the fracture width (29 cm), and the water-filled porosity. FeEDTA concentrations are provided on an Fe basis.
Experiment

Rock

Oxidant

Influent Oxidant
Concentration
(mg/L)

Activation

Velocity
(cm/s)

1

A1

persulfate

9,500

1,000 mg/L Fe-EDTA

0.10

DNAPL
Mass
Oxidized
(mg)
1,240

2

A1

persulfate

8,700

500 mg/L Fe-EDTA

0.10

550

3

C2

persulfate

9,500

500 mg/L Fe-EDTA

0.11

980

4

C2

persulfate

10,000

Alkaline (pH≥12)

0.11

120

5

A2

permanganate

10,400

none

0.062

1,100

For analysis of PCE, effluent lines from the fracture effluent manifold were connected to a 3
mL sample vial that was crimp sealed with Teflon-lined butyl rubber septa. The sample vials
were configured so the effluent exited approximately 1 cm above the fracture to prevent gravity
drainage of liquid from the fractures. Effluent flowed through the trap and exited via a 20 gauge
needle. For the permanganate experiments, the sample vial was amended with sodium
thiosulfate (40 mM) to inhibit any further oxidation reactions. For the persulfate experiments,
samples were refrigerated at 4 °C to inhibit further oxidation reactions. Contents of the vials
were then transferred to 5 mL glass vials with Teflon-lined septum screw caps for headspace
analysis. Vials were equilibrated to room temperature prior to analysis.
For all other effluent analyses (pH, anions, permanganate or persulfate, and iron), the effluent
artificial groundwater was drip-collected in a 10 mL plastic tube. The plastic tubes were
amended with sodium thiosulfate to quench the permanganate reactions (except for when
permanganate itself was being analyzed); the tubes were refrigerated at 4 °C to quench the
persulfate reactions.
At the end of the oxidation experiments, if the fracture had not become plugged, a tracer test
was performed. These tracer tests were performed using a conservative tracer (sodium bromide)
and an interfacial tracer (SDBS). The details of these tracer tests, which consisted of a step input
of bromide (25 mg/L) and SDBS (50 mg/L) in the artificial groundwater, and subsequent
measurement of the elution of these compounds as a function of time, have been previously
described (Section 3.4). Tracer testing was performed at 1 to 2-times the velocities shown in
Table 3-4. These tracer tests were used to assess any changes in the fracture flow field and
effective DNAPL-water interfacial area that may have occurred as a result of the oxidation
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treatment. After completing the tracer testing, fractures were flushed sequentially with artificial
groundwater, ethanol, and artificial groundwater after each experiment to remove the remaining
DNAPL.

3.7. Task 3a: Fracture Network DNAPL Architecture and Dissolution
3.7.1 Fracture Network Characterization
Conservative tracer tests were conducted in the AGW saturated fracture network using
bromide and SDBS before DNAPL was introduced to evaluate the flow path fracture volume and
the aperture characteristic of the fracture network. Bromide is a conservative tracer and SDBS
behaves conservatively in the absence of DNAPL or air (78, 79). The experimental fracture
networks were saturated for several days with AGW prior to the onset of tracer testing. Watersaturation of the network was obtained by filling the networks with AGW for three days
(minimum), then alternating flow between high volume and low volume discharge. Air was
removed from the experimental networks by venting through all sample ports during flowing
conditions. Once PCE DNAPL was introduced, interfacial area tracer tests were conducted to
quantify the DNAPL-water interfacial area at various stages of the dissolution experiments.
SDBS sorbs to the DNAPL-water interface and has been used to measure DNAPL-water
interfacial area in several previous studies (32, 78, 79, 80, 81). All tracer tests were conducted as
one fracture volume pulses using a 50 mg/L tracer solution of bromide and SDBS injected at
experimental velocities reported in Table 3-5 (Section 3.7.2). Effluent solute concentrations
were measured every five to ten minutes (dependant on experimental velocity) and all
experiments were performed in duplicate. Velocity and pressure head measurements were
regularly collected during all tracer tests. Pressure head measurements were determined based on
the difference between influent and effluent manometer readings (cm).

3.7.2 DNAPL Architecture and Dissolution
After characterizing the network in the absence of DNAPL, eight DNAPL dissolution
experiments (three in Network A and four in Network B) were conducted. Experimental
conditions for the DNAPL dissolution experiments are summarized in Table 3-5. In Network A,
three experiments involving DNAPL flooded through the influent and one experiment involving
DNAPL emplaced from the top ports, along the influent side were conducted. Network B
experiments involved DNAPL emplaced from the top influent side ports. Influent DNAPL
flooding was delivered via injection of 800 ml of PCE DNAPL through the influent manifold at
the experimental linear velocities reported in Table 3-5. For the top, PCE DNAPL injection, 100
ml of was delivered by injection into the influent vertical fractures through the sample ports
using a 25 ml glass syringe with 15 cm needle at approximately 10 ml/min.
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Table 3-5. Experimental conditions for each of the fracture network dissolution
experiments. Standard error reported in parentheses as applicable.
Network

a

Experiment

DNAPL
emplaced

Aqueous
Dissolution
Testing (days)

CXTFIT
Linear
velocity
(cm/min)
0.6
(0.04)a

SN

KL
(min-1)

ai
(cm2/cm3)

0.14

0.03 (±0.01)

111
(±6)

A

1

Influent

5

A

2

Influent

5

1.3

0.46

0.09

169

A

3

Influent

5

1.0

0.27

0.03

178

A

4

Top

100

0.3

0.13

0.02

20

B

5

Top

60

1.5
(0.3)

0.32

0.02 (±0.01)

39
(±10)

B

6

Top

35

1.6

0.16

0.01 (±0.01)

10

B

7

Top

12

0.27

0.02 (±0.01)

B

8

Top

13

0.19

0.02 (±0.01)

0.7
(0.1)
1.2
(0.2)

29
(±7)
18
(±1)

Standard Error reported in parenthesis for averaged values.

Following DNAPL delivery, the AGW linear velocity was increased to at least five times the
experimental linear velocities reported in Table 3-5 for a minimum of ten fracture volumes to
displace all mobile PCE DNAPL and attain residual saturation. The effluent was continuously
captured into the glass filtering flask to measure the volume of DNAPL that eluted through the
fractures. Residual DNAPL saturation was assumed to be achieved when the AGW effluent
contained no PCE DNAPL for at least four fracture volumes at the increased flow rate. The
volume of PCE NAPL trapped in the network was determined as the difference between PCE
DNAPL volume delivered into the network and the volume recovered. The volume of PCE
DNAPL trapped was then divided by the total fracture volume of the experimental network to
determine the residual DNAPL saturation (SN). The SN in the fracture setting was unlike residual
saturation in commonly observed in porous media experiments. The SN exists as pooled areas of
DNAPL in the larger aperture regions in the fracture network. Once residual saturation was
established, flow was reduced to the original experimental aqueous flow conditions and
sequential pulsed bromide and SDBS tracer tests were conducted. DNAPL-water interfacial area
was calculated based on the SDBS tracer data as described in Section 3.4.
After the completion of the dissolution and tracer testing, the DNAPL was drained from the
network bottom ports and then ethanol was flushed through the influent/effluent manifolds to
quantify the recoverable volume of PCE DNAPL. Effluent samples were collected during the
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flushing and analyzed for PCE concentrations within the ethanol solvent. Approximately 25 to75
percent of the volume of DNAPL input was recovered for all experiments. The low fracture
network mass recoveries are attributed to collection of drained volume and the ethanol effluent
into the open glass filtering flask reservoir which readily volatilized the PCE from the solvent.

3.8. Task 3b: Fracture Network Bioaugmentation Experiments
Prior to inoculation of the dechlorinating microbial culture, the fracture network was flushed
for two weeks with an anaerobic groundwater containing nutrient and electron donor
constituents. This solution was prepared using nitrogen-sparged artificial groundwater (described
in previous quarterly reports). Immediately following sparging, the bottles were placed in an
anaerobic gas chamber where sodium-(L)-lactate, yeast extract and diammonium phosphate were
amended. Each bottle contained 1 mL of a dilute solution of resazurin dye to verify that
anaerobic conditions were maintained. The water was transferred into a gas-tight Tedlar plastic
bag and connected to the fractures network. When the water exiting the network showed lactate
concentrations similar to the influent and the water exiting was clear, it was determined the
system was anaerobic and ready for bioaugmentation.
The Dehalococcoides sp. (DHC) containing microbial culture (SDC-9, Shaw Environmental
and Infrastructure, Lawrenceville, NJ) was injected into the effluent tubing by way of a threeway valve. Using a 50 mL syringe, 5 x 108 cells were injected at a flow rate of roughly 2.5
mL/min. The residence time in the fracture network was approximately 14 hours. After
inoculation, the fracture network effluent was monitored for the volatile organic compounds
(VOCs), reduced gases (ethene/ethane), chloride generation, pH, lactate, DHC cell concentration,
and flow. VOC, reduced gases, and chloride concentrations were used to determine the extent of
DNAPL dissolution enhancement that occurred as a result of bioaugmentation.

3.9. Task 3c: Fracture Network Chemical Oxidation Experiments
Three KISCO experiments and four oxidant applications (identified as KISCO-1, -2 and -3)
were used to evaluate the effectiveness of KISCO in an experimental fractured network setting.
One KISCO application was applied during KISCO-1 and two sequential KISCO applications
were applied during KISCO-2, referred to as KISCO-2a and 2b. KISCO-2b was used to
determine if reaction by-products from prior KISCO applications affected the efficiency of
subsequent KISCO applications due to a reduced DNAPL-water mass transfer as discussed
previously. KISCO-1 and KISCO-2a were conducted at the same MnO4- concentration (7.5 g/L),
while KISCO-2b and KISCO-3 were conducted at a concentration of 1.5 g/L MnO4-. Table 3-6
presents the experimental conditions related to the KISCO experiments.
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Table 3-6. Experimental variables for each of the fracture network KISCO experiments.
Experiment

KISCO-1

KISCO-2A

KISCO-2Ba

KISCO-3

Average Aperture
(cm)b

0.1

0.1

0.05

0.06

Flow Path Fracture
Volume
(cm3) c

95

93

49

60

1.5

1.5

1.7

1.2

DNAPL Residual
Saturation
(%)

25

13

13.9

17.5

PCE DNAPL Mass
(g)

92.6

46.3

47

60

Permanganate
concentration (g/L)

7.5

7.5

1.5

1.5

Velocityd
(cm/min)

a

KISCO-2b was part of sequential experiment b The mass balance aperture was used as the
average aperture. c Flow path fracture volume is calculated as length of the fracture network
multiplied by width and average aperture size. d Velocity was determined using CXTFIT.
Prior to KISCO applications, PCE DNAPL saturation (SN) was established to evaluate steady
state dissolution of DNAPL in the fracture network. The KISCO experiments presented herein
were carried out following the Network B dissolution experiments in the following sequence:
Experiment 5 (KISCO-1), Experiment 6 (KISCO-2) and Experiment 8 (KISCO-3). SN was
defined as the volume of PCE DNAPL trapped in the network divided by the total fracture
volume of the experimental network. The SN for KISCO applications was adjusted to reflect the
reduction in DNAPL volume from dissolution experiments. SN was established by injecting PCE
DNAPL along the top influent vertical fracture ports at approximately 3.5 cm/min until primarily
DNAPL was observed in the effluent and displacement of AGW ceased. Injection from the top
influent was selected in order to mimic DNAPL infiltration into a horizontal aquifer transport
path. Following DNAPL delivery, the AGW flow rate was increased to a rate at least five times
the experimental flow rate for a minimum of ten fracture volumes to displace all mobile PCE.
Values of SN for each chemical oxidation experiment are presented in Table 3-6. Mass quantities
are generally reported in grams or milligrams (mg) instead of moles, to directly compare
observed mass removal rates to other reported fracture and/or porous media experiments.

ER-1554 Final Report

45

Once SN was established PCE DNAPL dissolution rates were monitored for several days
prior to KISCO applications to ensure steady state dissolution conditions were established.
Experimental velocities, presented in Table 3-6, were similar to typical groundwater velocities
observed in naturally fractured rocks (77). The experimental flow rate remained consistent for
the duration experiment and was not increased during application of KISCO. The design
experimental linear velocity (cm/min) was calculated using CXTFIT. Additionally, the average
aperture of the primary flow path was considered equivalent to the mass balance aperture (emb)
described in Tsang (82). Finally, the quantity of KISCO applied to the fracture network was
designed to be stoichiometrically sufficient to remove the residual mass of PCE DNAPL in the
experiment. PCE DNAPL mass removal was calculated based on the stoichiometry in Eq 6-1),
using measured effluent chloride concentrations collected from the inline chloride-ion probe
(minus the concentration of background chloride in the artificial groundwater). Oxidant
consumption and MnO2 generation was monitored during the KISCO-2 and KISCO-3
experiments. MnO4- consumption data from the KISCO-1 experiment was not collected. During
chemical oxidation experiments, effluent chloride readings were collected via data logger every
2 minutes using a inline chloride selective ion probe or, barring availability of the data logger,
samples were collected by hand during the last chemical oxidation experiment (KISCO 3). Prior
to and following each chemical oxidation application, the chloride probe was calibrated using a
five-point semi-log calibration and effluent chloride concentrations were determined using the
calibration curve. The background chloride concentration of the artificial groundwater was
subtracted from the chloride concentration to determine the volume of chloride generated from
the oxidation of PCE. The effluent pH was monitored periodically with pH test strips and cross
checked with a pH probe daily.
An experimental “enhancement factor” was calculated to quantify PCE mass removal from
KISCO relative to mass removal from pre-ISCO steady state dissolution. The enhancement
factor was calculated using the following formula:
Eq. 3-7
where MRKISCO is the mass removal of PCE DNAPL during KISCO (mg removed), SSDpre-KISCO
is the average PCE DNAPL mass removal rate during steady state dissolution (mg removed/day)
and tKISCO the number of days KISCO was applied. We expect ISCO to remove more than water
flushing only, which would yield an enhancement factor greater than 1. An enhancement factor
less than 1 indicates steady state dissolution conditions remove more PCE than was observed
during KISCO; an enhancement factor of 1 indicated no difference water-only dissolution and
ISCO. The SSDpre-KISCO mass removal rates were calculated by time-integration of effluent
aqueous PCE (PCEaq) concentrations prior to KISCO and, for the comparison calculation, it was
assumed the mass removal rate during steady state dissolution would have remained constant for
the duration of time that KISCO was subsequently applied. Following each KISCO experiment
(except between 2a and 2b), the network was drained from the bottom ports and flushed with a
5% acetic acid and hydrogen peroxide solution (to remove MnO2 precipitation as practicable),
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ethanol (to remove remaining PCE DNAPL) and AGW until background concentrations of all
amendments applied to the network were negligible.
Tracer tests were conducted using aqueous solutions of sodium bromide and sodium
dodecylbenzosulfonate (SDBS,) as described in Section 3.7.1. Briefly, prior to PCE DNAPL
injection and KMnO4 delivery, sequential conservative tracer tests were conducted to ensure
saturated conditions existed (i.e., no retardation of SDBS, because it would partition to an airwater interface) and to quantify fracture volume, hydrodynamic dispersion and characteristic
aperture in the fracture network. A 50 mg/L solution of bromide and SDBS tracers was used.
Once residual SN was established, interfacial area tracer tests were conducted to quantify the
network-averaged DNAPL-water interfacial area. Following KISCO, interfacial area tracer tests
were again conducted to quantify changes in the DNAPL-water interfacial area, or potentially the
effective fracture volume, as a result of KISCO.

3.10. Analytical Methods
Single Fracture Experiments
For the single fracture experiments performed at Shaw Environmental, Inc., Chlorinated
ethenes and reduced gases concentrations were determined via headspace analysis using a Varian
3900 gas chromatograph equipped with a Flame Ionizing Detector (FID) and Aluminum RT
column. Aqueous concentrations were determined by applying Henry’s Law. Hydrogen
headspace analysis was performed on a Varian 3800 GC equipped with a Valco Pulsed
Discharge Helium Ionized Detector (PDHID) and tandem Pora Bond Q and Molesieve columns.
Volatile fatty acid analysis was performed on a Dionex AS 50 Chromatograph equipped with a
Dionex IonPac AS11-HC column and CD 25 Conductivity Detector. Anions were analyzed via
ion chromatography (Dionex DX-120, Sunnyvale, CA). The effluent pH was monitored
periodically with pH test strips. Aqueous DHC concentrations were determined by quantitative
real-time PCR with primers (5’- gaagtagtgaaccgaaagg and 5’- tctgtccattgtagcgtc) that amplified a
235bp fragment of the 16s rRNA gene of DHC-type organisms. Biomass was concentrated via
centrifugation at 3700 rpm for a minimum of one hour. Our previous work (5) demonstrated that
measurement of DHC for the culture used in this study was sufficient to assess overall
dechlorination activity and kinetics. Ferrous iron was measured using a Hach test kit model IR18C. Permanganate was analyzed using a Thermo Scientific Genesys 2 UV-spectrophotometer at
a wavelength of approximately 525nm. Persulfate concentrations were determined via titration
using a 0.01N standardized sodium thiosulfate solution (Alfa Aesar).
Fracture Network Experiments
For the fracture network experiments performed at the Colorado School of Mines, Samples
were collected directly into 2-ml gas chromatograph vials with zero headspace, sealed with an
airtight Teflon-lined cap and analyzed within 72 hours of collection. Effluent dissolution samples
not immediately analyzed were stored at 4 degrees Celsius until analysis. . Aqueous phase PCE
samples collected during KMnO4 application were collected as 1:1 hexane extractions by
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placing 1 milliliter (mL) of KMnO4 effluent into 1 mL of hexane, which served to cease the
KMnO4 reaction and extract the PCE in the aqueous solution. All aqueous PCE samples were
analyzed within 72 hours of collection by gas chromatography with flame ionizing detector
(FID) (Shimadzu GC-17A with auto-sampler). SDBS was analyzed using a Beckman UVspectrophotometer, with SDBS absorption at approximately 225 nm. Due to interference of
aqueous-phase PCE at 225 nm on the UV-spectrophotometer, aqueous PCE was volatilized from
the tracer samples prior to analysis and reconstituted with AGW for any evaporative AGW
losses.
During bioaugmentation experiments, chlorinated ethenes were analyzed using a gas
chromatograph (GC) with a flame-ionizing detector (Shimadzu GC-17A) using headspace
analysis. Samples were collected using a gas-tight syringe to draw sample from system, injected
into a sealed head-space vial , and allowed to equilibrate for 24 hours prior to analysis. Bromide,
the conservative tracer used for characterization of flow, and chloride, a product of
biodegradation of PCE, were analyzed using Cole-Parmer ion specific probes. Samples were
collected and sent to Shaw Environmental, Inc. (Lawrenceville, NJ) for qPCR analysis. The
presences of sufficient electron donor, lactate, was evaluated qualitatively using a colorimetric
test using a lactate reagent (Catachem, INC Bridgeport, CT).
KMnO4 concentration and consumption was monitored during the ISCO 2, 3 and 4
experiments and were analyzed at 525 nanometers (nm) on a Hach UV/visual light
spectrophotometer. KMnO4 consumption data from the ISCO 1 experiment was not collected.
MnO2 generation was determined by comparing filtered and unfiltered samples of the KMnO4
effluent at the 525 nm wavelength. The effluent pH was monitored periodically with pH test
strips. Bromide and chloride samples were analyzed via Cole Parmer ion-specific conductivity
probe. SDBS was analyzed using a Beckman UV-spectrophotometer at 225 nm. Following
DNAPL dissolution experiments, samples were collected from the 46 side sample ports in
Network B to quantify DNAPL and KMnO4 distribution.
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4. A CONCEPTUAL AND NUMERICAL MODEL TO DESCRIBE
BIOAUGMENTATION FOR TREATMENT OF DNAPL SOURCES IN
BEDROCK FRACTURES
This section describes the development of a bioaugmentation model to describe the results of
the single fracture bioaugmentation experiments described in Section 6. Specifically, the
observed data from single fracture bioaugmentation experiments 1 and 3 were evaluated.
Modeling efforts were focused on the bioaugmentation kinetics rather than on extrapolation to 3dimensional systems, as the biological and mass transfer processes controlling DNAPL
dissolution and dechlorination were deemed most critical for assessing DNAPL dissolution
processes. The model code described in this section may, however, be incorporated into the 3dimensional RT3D transport model.
It was observed from the experimental data that there was a substantial stochastic variation in
the dissolved PCE concentration levels in the single fracture bioaugmentation experiments 1 and
3 (discussed in Section 6); such variation is not uncommon for DNAPL dissolution in bedrock
fractures (10, 83). To realistically recreate this stochastic variation in the model, we have
converted the reported daughter product concentrations into equivalent moles of PCE and added
them to the reported PCE level. This combined PCE concentration estimate was used as the input
PCE level (after accounting for the time lag based on residence time). Appropriate interpolation
methods were used to evaluate average daily concentration values for input PCE levels.
The reductive dehalogenation of PCE into TCE, DCE, VC and ethene along with the growth
of mobile and immobile DHC was modeled using Monod kinetics (17, 84). The fate and
transport of a contaminant in ground water can be modeled by the following one-dimensional
equation:

∂C
∂C
∂ 2C
=-V
+D 2 +β
∂t
∂x
∂x

Eq. 4-1

where is the C is the aqueous phase concentration (mg/L), V is the velocity (m/day), D is the
hydrodynamic dispersion co-efficient (m2/day) and β is the reaction term. The above equation
can be solved at every node on a given grid using a finite difference approximation. In case of
multiple species, the above equation is written for all the species with the β term being coupled
as one species degrades to form the daughter products. In this study, we used the operator split
strategy to solve the equation (1) numerically. Operator split strategy is one of the numerical
strategies used in solving multi-species reactive transport problems (85). The governing
equations for all the reactions in the system are given below.
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dCPCE
∂C
∂ 2 C PCE
=-V PCE +D
dt
∂x
∂x 2

⎡ q XC ⎤
- ⎢ PCE PCE ⎥
⎣ C PCE +K PCE ⎦

Eq 4-2

dCTCE
∂C
∂ CTCE
=-V TCE +D
dt
∂x
∂x 2

⎡
⎤
⎢
⎥
⎡ q XC ⎤
q TCE XCTCE
⎢
⎥
+ ⎢ PCE PCE ⎥ -ξ TCE CTCE
⎢
⎛ C ⎞ ⎥ ⎣ CPCE +K PCE ⎦
⎢ CTCE +K TCE ⎜1+ PCE ⎟ ⎥
⎢⎣
⎝ IPCE ⎠ ⎥⎦

Eq. 4-3

2

dCDCE
∂C
∂ 2CDCE
=-V DCE +D
dt
∂x
∂x 2

⎡
⎢
q DCE XCDCE
⎢
⎢
⎛ C
⎢ CDCE +K DCE ⎜1+ DCE
⎢⎣
⎝ IDCE

⎤ ⎡
⎥ ⎢
q TCE XCTCE
⎥+⎢
⎞⎥ ⎢
⎛ CPCE
⎟ ⎥ ⎢ CTCE +K TCE ⎜1+
⎠ ⎥⎦ ⎢⎣
⎝ IPCE

⎤
⎥
⎥ -ξ C
DCE DCE
⎞⎥
⎟⎥
⎠ ⎥⎦
Eq. 4-4

⎡
⎤ ⎡
⎤
⎢
⎥
⎢
⎥
dCVC
∂CVC
∂ 2CVC ⎢
q VC XCVC
q DCE XCDCE
⎥
⎢
⎥ -ξ C
=-V
+D
+
VC VC
2
⎢
⎥
⎢
dt
∂x
∂x
⎛ CDCE CTCE ⎞
⎛ CDCE ⎞ ⎥
+
⎢ CVC +K VC ⎜1+
⎟ ⎥ ⎢ CDCE +K DCE ⎜1+
⎟⎥
⎝ IDCE ITCE ⎠ ⎦⎥ ⎣⎢
⎝ IDCE ⎠ ⎥⎦
⎣⎢
Eq. 4-5

∂CEth
∂ 2 CEth
dCEth
=-V
+D
∂x
∂x 2
dt

⎡
⎢
q VC XCVC
+⎢
⎢
⎛ C
C
⎢ CVC +K VC ⎜1+ DCE + TCE
⎝ I DCE ITCE
⎣⎢

⎤
⎥
⎥ -ξ C
Eth Eth
⎞⎥
⎟⎥
⎠ ⎦⎥
Eq. 4-6
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dCCldt

=-V

∂CCl∂x

∂ CCl2

+D

∂x 2

⎡
⎢
q DCE XCDCE
+⎢
⎢
⎛ C
⎢ CDCE +K DCE ⎜1+ DCE
⎢⎣
⎝ I DCE

⎡
⎢
⎡ q XC ⎤
q TCE XCTCE
+ ⎢ PCE PCE ⎥ + ⎢
⎢
⎣ CPCE +K PCE ⎦ C +K ⎛1+ CPCE
⎢ TCE TCE ⎜
⎝ I PCE
⎣⎢

⎤ ⎡
⎥ ⎢
q VC XCVC
⎥+⎢
⎞⎥ ⎢
⎛ CDCE CTCE
+
⎟ ⎥ ⎢ CVC +K VC ⎜1+
⎠ ⎥⎦ ⎢⎣
⎝ I DCE ITCE

⎤
⎥
⎥
⎞⎥
⎟⎥
⎠ ⎦⎥

⎤
⎥
⎥
⎞⎥
⎟⎥
⎠ ⎥⎦

Eq. 4-7
dX M
∂X M
∂2XM
=-V
+D
+YX M -k att X M +k det X IM
dt
∂x
∂x 2
⎡
⎡
⎤
⎢
⎢
⎥
q TCE C TCE
⎢ ⎡ q PCE C PCE ⎤ + ⎢
⎥+
⎢ ⎢ C +K ⎥ ⎢
⎥
⎛
⎞
C
PCE ⎦
⎢ ⎣ PCE
⎢ CTCE +K TCE ⎜ 1+ PCE ⎟ ⎥
⎢
⎝ I PCE ⎠ ⎦⎥
⎣⎢
+⎢
⎤ ⎡
⎢⎡
⎢
⎥ ⎢
⎢
q DCE C DCE
q VC C VC
⎥+⎢
⎢⎢
⎢
⎥
⎢
⎛ C DCE ⎞
⎛ C DCE C TCE
⎢
+
⎟ ⎥ ⎢ C VC +K VC ⎜ 1+
⎢ ⎢ C DCE +K DCE ⎜ 1+ I
DCE ⎠ ⎥
⎝
⎝ I DCE ITCE
⎦ ⎢⎣
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⎤
⎥
⎥
⎥
⎥
⎥
⎥
⎤⎥
⎥⎥
⎥⎥
⎞ ⎥⎥
⎟ ⎥⎥
⎠ ⎥⎦ ⎦

Eq. 4-8
⎡
⎡
⎤
⎢
⎢
⎥
q TCE CTCE
⎢ ⎡ q PCE C PCE ⎤ + ⎢
⎥+
⎢ ⎢ C +K ⎥ ⎢
⎥
⎛
⎞
C
PCE ⎦
⎢ ⎣ PCE
⎢ CTCE +K TCE ⎜ 1+ PCE ⎟ ⎥
⎢
⎝ I PCE ⎠ ⎦⎥
dX IM
⎣⎢
=YX IM +k att X M -k det X IM + ⎢
dt
⎤ ⎡
⎢⎡
⎥ ⎢
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q DCE C DCE
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⎢
⎥+⎢
⎢
⎛ C DCE ⎞ ⎥ ⎢
⎛ C DCE CTCE
⎢⎢
+
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⎢
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DCE
DCE
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⎣
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⎤
⎥
⎥
⎥
⎥
⎥
⎥
⎤⎥
⎥⎥
⎥⎥
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⎟ ⎥⎥
⎠ ⎦⎥ ⎦

Eq. 4-9
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where Ci (mM) is the aqueous concentration of the compound i (where i is either PCE, TCE,
DCE, VC, ethene or chloride), Ii (mM)is the competition coefficient, qi (mM (cell h-1) is the
DHC maximum utilization rate coefficient, Ki (mM) is the half velocity coefficient, XM (Cells/L)
is the mobile phase DHC concentration XIM (Cells/L) is the immobile phase DHC concentration,
Y (cell (mmol L-)-1) is the yield and ξi (h-1) is the back-partitioning coefficient, Katt (h-1) is the
bacteria cell attachment coefficient and Kdet (h-1) is the bacteria cell detachment coefficient. The
reaction package contains 7 mobile species: PCE, TCE, DCE, VC, Ethene, Chloride and mobile
DHC. The only immobile species present in the system is the immobile DHC. The immobile
species does not have advection or dispersion term and in the model, all the immobile phase
concentrations are calculated first during the reaction phase.
Equations 4-2 – through 4-6 describe biodegradation of PCE into its daughter products by the
mobile and immobile DHC. Equation 4-2 describes the degradation of PCE into TCE; Eq.4-3
describes formation of TCE from PCE and its subsequent degradation into DCE. Similarly, Eq.
4-4 through 4-6 describe the formation DCE, VC and ethene, along with the formation of the
daughter products VC and ethene, respectively. The Eq.4-3 through 4-6 also have a model
coefficient (ξ), which was incorporated in order to account for possible loss of species due to
back-partitioning of the daughter products into the DNAPL , as described in Schaefer et al. (83)
and Ramsburg et al. (86). This back-partitioning coefficient was not used in equation 4-2 because
PCE does not back-partition onto itself. Calculation of the back-partition coefficient is presented
in Appendix A-1. Eq. 4-7 describes the process of generation of chloride where one mole of
chloride is formed for every mole of daughter product. Eq. 4-8 and 4-9 describe the process of
bacterial growth kinetics along with the attachment and detachment processes of mobile and
immobile bacteria respectively.
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5. RESULTS & DISCUSSION:
SINGLE FRACTURE DISSOLUTION EXPERIMENTS
5.1 Sorption
Results of the SDBS sorption study indicated that there was no measurable adsorption of
SDBS on to either the Colorado or Arizona sandstones, as measured SDBS concentrations in the
controls were identical to those in the bottles containing the rock fragments. However, SDBS
concentrations in the limestone-amended bottles were below the detection limit (less than
approximately 5 mg/L), indicating substantial uptake of SDBS. This uptake was likely due to
sorption of the SDBS due to the limestone matrix. As a result, the limestone was rejected as a
potential model rock for the laboratory fracture dissolution experiments.
Results of the PCE/TCE/DCE sorption testing indicated that there was no significant sorption
of PCE, TCE or DCE onto either the Colorado or Arizona rock, as chlorinated ethene
concentrations in the bottles containing the rock fragments were greater than or equal to the
concentrations in the controls.
Results of the bromide sorption testing are summarized in Table A-2 of the Appendix.
Results indicated that there was no significant sorption of bromide onto either the Colorado or
Arizona rock, as chlorinated ethene concentrations in the bottles containing the rock fragments
were greater than or equal to the concentrations in the controls.
5.2 Matrix Porosity
Water uptake versus time curves for each rock are shown in Figures 5-1 and 5-2. The
porosity for each rock was calculated by dividing the volume of water uptake by the rock
volume. Experiments were performed in duplicate. The average calculated porosity for the
Colorado sandstone was 13.8%; the calculated porosity for the Arizona sandstone was 14.8%.
These values are within the range typically observed for sandstones.
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Figure 5-1. Water uptake for Colorado sandstone.
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Figure 5-2. Water uptake for Arizona sandstone.

5.3 Fracture Properties
Typical bromide tracer elution curves for each rock type are shown in Figures 5-3 and 5-4.
Elution of the bromide was regressed to the one-dimensional advection-dispersion equation:
R

∂C
∂ 2C
∂C
=D 2 −v
∂t
∂x
∂x

Eq. 5-1

where R is the retardation factor (equal to one for SDBS if PCE DNAPL is absent; and equal to
one for bromide with or without PCE DNAPL present), C is the aqueous solute concentration
(mg/cm3), t is the time (sec) minus the approximate residence time in the manifolds, v is the
linear water velocity (cm/sec), D is the aqueous dispersion coefficient (cm2/sec), and x is the
distance along the line of flow (cm). Bromide elution data were regressed to the solution of
Equation 1 using the public domain software CXTFIT (87). Regression results show that the
bromide elution is well-described by this model (R2 > 0.97), verifying that any bromide mass
transfer between the matrix and fracture does not have a substantial impact on bromide elution
(i.e., matrix diffusion effects are negligible for the time scale of the experiments). SDBS, in
experiments without residual PCE, co-eluted with the bromide, with no measurable retardation.
Thus, consistent with the batch testing, SDBS interactions with the rock surface were negligible.
Co-elution of the SDBS with the bromide also indicates that contact with trapped air along the
flowpath was negligible, as SDBS also will sorb at the air-water interface (75).
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Figure 5-3. Bromide elution curves in rock C1 (no residual PCE). The regressed values for the
velocity and dispersion coefficient were 0.097 cm/min and 0.61 cm2/min, respectively.
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Figure 5-4. Bromide elution curves in rock A1 (no residual PCE). The regressed values for the
velocity and dispersion coefficient were 0.055 cm/min and 0.31 cm2/min, respectively.

Results of the bromide tracer and hydraulic head experiments, in the absence of residual PCE
within the fracture, also were used to estimate fracture aperture. A friction loss aperture was
calculated as follows (10, 82):
12μ
δf = L
Eq. 5-2)
ρg ΔH t m
where δf is the friction-loss aperture (cm), L is the measured fracture length in the direction of
flow (29 cm length of block), µ is the water dynamic viscosity (g/cm/s), ρ is the fluid density
(g/cm3), g is the gravitational constant (981 cm/s2), ΔH is the pressure drop across the fracture
(cm H2O), and tm is the mean residence time (s). Mean residence time was estimated by dividing
the fracture length by the regressed velocity. A mass-balance aperture, calculated based on the
volumetric flowrate and mean residence time of the bromide tracers, provides an improved
estimate of the mean aperture and is calculated as follows (10, 82):
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Qt m
Eq. 5-3
LW
where δmb is the mass balance aperture (cm), Q is the measured volumetric flow rate (cm3/s), and
W is the measured fracture width perpendicular to flow (29 cm block width). The mass-balance
aperture is used to calculate the fracture volume, which is simply δmb multiplied by LW.
δ mb =

The friction-loss aperture is controlled by small aperture regions, while the mass-balance
aperture is controlled by large aperture regions (10, 82). The aperture ratio (δ), defined as the
ratio of the friction-loss to mass-balance aperture, serves as a means to characterize a fracture
plane in terms of an effective aperture distribution exposed to flow. Values of δ approaching
unity indicate uniformity of fracture aperture across the fracture plane.
Calculated fracture properties based on initial flow (no DNAPL) and tracer experiments are
shown in Table 5-1. Values in Table 5-1 are average values calculated from flow and tracer
experiments performed at least in duplicate; all replicate experiments for each rock were within
10% of the average values presented in Table 5-1. Fracture aperture values listed in Table 5-1
are in reasonable agreement with those measured in other laboratory and field studies (10, 8890), thereby confirming that the fracture apertures used in this study are reasonable. Massbalance apertures and fracture volumes for all four rocks are similar, although the fracture
aperture and fracture volume for A2 were approximately 2-times larger than for the other rocks.
This difference likely is due to the natural fracture “roughness” that was induced during the rock
splitting process.
Table 5-1. Fracture properties for each rock. FV is the mass balance fracture volume, which is
calculated by multiplying δmb by the measured length (29 cm) and width (29 cm) of the fracture
block. The standard error for the fracture volume was ≤ 6%.
Rock
C1
C2
A1
A2

δf (cm)
0.0074
0.011
0.0031
0.0023

δmb (cm)
0.038
0.039
0.054
0.098

δ (-)
0.19
0.28
0.057
0.023

FV (cm3)
31
32
45
82

The friction-loss apertures for the two Colorado rocks are approximately three times greater
than the Arizona rocks, suggesting that flow through the Colorado rock fractures is less
constricted or less controlled by flow through small apertures compared to the Arizona rock
fractures. The aperture ratios for the Colorado rocks are also greater than the Arizona rocks,
indicating that water flowing through the Colorado rocks experiences narrower aperture
distributions than water flowing through the Arizona rocks. This result is somewhat surprising,
given the visibly rougher surface of the Colorado rocks compared to the Arizona rocks. As
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discussed in the following sections, this may be due to channeled flow within the Colorado rocks
that limit water movement to a relatively small fraction of the overall fracture volume.
5.4 DNAPL Architecture
Table 5-2 shows the measured PCE residual saturation (defined as DNAPL volume divided
by the δMB-derived fracture volume) and PCE-water interfacial area for each rock. Results of
replicate PCE-trapping experiments indicate that measured residual saturation values were
reasonably repeatable. Residual saturation values range from an average of 0.18 (C2) to 0.52
(A2). Residual saturation values are within the range reported by others in bench scale fracture
experiments (10, 90). Total fracture volumes (the mass balance fracture volume plus residual
PCE volume) measured in each rock after attaining residual PCE saturations were approximately
equal to the mass balance fracture volumes listed in Table 5-1 (which did not contain residual
PCE). This result indicates that the residual DNAPL primarily resided within the flowpath of the
fractures, as opposed to pooling or conglomerating in a region that was outside of the zone of
flowing water.
Table 5-2. Residual saturation and DNAPL-water interfacial area values measured for each
rock. Values obtained for replicate experiments are shown. Except where noted, the flow rate
was approximately 0.1 cm3/min. The calculated standard error of the residual saturation for each
computed value in Table 2 is < 12%. The resulting calculated standard error of the interfacial
area is less than 28% for each computed value in Table 5-2.
Rock

Residual Saturation
(cm3/cm3)

C1
0.22 / 0.26
C2
0.22 / 0.18 / 0.22
A1
0.41 / 0.38 / 0.38
A2
0.52 / 0.38 / 0.38 / 0.45
a
Flow rate was approximately 0.06 cm3/min.
b

DNAPL-Water
Interfacial Area
(cm2/cm3)
25 / 19a / 20
55 / 43a/ 45 / 51
56 / 57
20 / 20 / 9.1c / 21b

Flow rate was approximately 0.5 cm3/min.

c

This value was considered an outlier and not used to compute the average interfacial area value
used in subsequent calculations.

The large residual saturation values in rocks A1 and A2, relative to rocks C1 and C2, are
likely due to connectivity of large apertures within the fractures. Several simulations and
experimental observations (90, 91) have shown that percolation of a non-wetting phase through
fractures will occur primarily through large aperture regions. The connectivity of these large
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Aperture Ratio

aperture regions, and the extent to which large aperture regions are interconnected via small
aperture regions, will control the extent to which water is displaced during the PCE flooding and
the overall saturation of PCE within the fracture prior to water flooding. The relatively large
aperture ratios for C1 and C2 suggest that flow through large aperture regions can occur with
limited (compared to A1 and A2) entry into small aperture regions. Because the entry of PCE
into small apertures is limited by capillary forces, water displacement and overall PCE saturation
(prior to beginning the final water flood) in rocks C1 and C2 are less compared to rocks A1 and
A2. This suggests that PCE migrated through discrete pathways within the fractures of the
Colorado rocks (more so than in rocks A1 and A2), leaving the majority of the fracture water in
place. This is consistent with PCE migration in rocks C1 and C2 occurring through discrete
preferential flow pathways that occupied a relatively small fraction of the fracture volume. PCE
flowing through A1 and A2 encountered a wider range of aperture regions than in C1 and C2.
Consistent with this explanation, the data in Figures 5-5a and 5-5b show that both the water
displacement and residual PCE saturation in the rocks are related to the aperture ratio, and
injection of PCE into the Colorado rocks was less dispersed (i.e., displaced less water) than the
Arizona rocks.
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Figures 5-5a and 5-5b. Aperture ratio plotted as a function of (a) the fraction of artificial
groundwater (AGW) displaced during PCE flooding, and (b) PCE residual saturation for each
rock.
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Table 5-2 also lists the PCE-water interfacial area for each rock. PCE-water interfacial area
was calculated by regressing (using CXTFIT) R in Equation 5-1 to the SDBS elution data
(values of D and V determined from the corresponding bromide tracer data), and applying the
Gibbs Adsorption Equation as follows (6, 79):
aK
R = 1+ i
Eq. 5-4
θ
Γ M ∂σ
K= = W
Eq. 5-5
C R g T ∂C
where K is the sorption coefficient for SDBS at the PCE-water interface (cm3/cm2), ai is the
DNAPL-water interfacial area per fracture volume (cm2/cm3 fracture volume), θ is the
volumetric water content within the facture (cm3/cm3), Γ is the SDBS mass sorbed at the PCEwater interface per unit interfacial area (mg/cm2), MW is the SDBS molecular weight (mg/mmol),
Rg is the gas constant (dyne-cm/mmol K), T is temperature (K), and σ is the PCE-water
interfacial tension (dyne/cm). Equation 5-5 is evaluated at the influent SDBS concentration (50
mg/L). Regressed values of R are provided in Table 5-3.

Table 5-3. Regressed values of R from CXTFIT. The standard error for each regressed value of
R from Eq. 1. The standard error for R calculated for the replicate experiments (δR) also is
shown in the table.
Rock
Retardation Factor (R)
C1
1.20 / 1.15 / 1.16 (δR = 0.015)
C2
1.42 / 1.33 / 1.34 / 1.39 (δR = 0.021)
A1
1.45 / 1.47 (δR = 0.010)
A2
1.22 / 1.22 / 1.10a / 1.23 (δR = 0.003)
a
Outlier

The slope of the interfacial tension versus SDBS concentration curve was determined by
measuring the PCE-water interfacial tension as a function of SDBS concentrations using the
Pendant Drop Method (6, 92), then regressing a polynomial expression to the data. Interfacial
tension results are shown in Figure 5-6. No PCE was observed in the effluent during the tracer
experiments, thus addition of the surfactant and the relatively small reduction in interfacial
tension did not result in any measurable DNAPL mobilization.
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Figure 5-6 PCE-water interfacial tension as a function of SDBS concentration in water. The
polynomial regressed to the data was used to compute the derivative in Equation 5-5.

Measured PCE-water interfacial areas vary by approximately a factor of two among the four
rocks, with no apparent correlation to the PCE residual saturation (Table 5-2). This observation
suggests that the morphology of the residual PCE in effective contact with mobile water differs
among the four rocks. It has been speculated that the aperture ratio is related to the DNAPLwater interfacial area and morphology (10). However there is no observable correlation between
fracture aperture and interfacial area for the rocks examined.
Karpyn et al. (90), using micro-computed tomography in Berea sandstone cores with a mean
aperture of 0.058 cm, measured an oil-water interfacial area of 52 cm2/cm3 at a residual
saturation of 0.58; these measurements are reasonably consistent with values listed in Table 5-2.
The interfacial area values in Table 5-2 also are comparable to DNAPL-water interfacial areas in
sands with grain diameters similar to the rock apertures. Using a similar surfactant tracer
method, Cho et al. (9) measured a DNAPL-water interfacial area of 44 cm2/cm3 in sands with a
0.5-cm diameter. However, the residual DNAPL saturation in the sands was only 0.12, which is
two to four times less than the residual saturations measured in the bedrock fractures. Saripalli et
al. (79) measured a NAPL-water interfacial area of approximately 90 cm2/cm3 in 0.25-cm
diameter sand with a residual saturation of 0.22. Comparisons among these data suggest that the
PCE-water interfacial area as a function of PCE residual saturation is greater in sands than in the
Colorado and Arizona sandstones. This observation suggests that, for the rocks and sands
studied, PCE dissolution rates in rock fractures may be substantially less than in unconsolidated
media, as the effective interfacial area per volume of DNAPL in rock fractures is less than in
sands.
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As noted in Table 5-2, measured PCE-water interfacial areas did not appear to be sensitive to
the flowrate of the SDBS tracer solution. If substantial PCE-water interfaces resided in aperture
regions that were not contacted with mobile water (e.g., small aperture regions), then decreases
in flowrate would likely result in an increase in the measured PCE-water interfacial area, as
SDBS would have additional time to migrate to the PCE-water interfaces. Absence of this trend,
for the flowrates examined, suggests equilibrium partitioning between the surfactant and the
PCE-water interfaces in the fractures, and that the PCE-water interfaces were well-contacted by
mobile water regimes (93). Alternately, as discussed in the following section, multiple discrete
flow paths within the fracture plane could exist. In this case, assuming that no measurable
mixing occurred between the discrete flow paths, the above explanation would be applicable
only to the discrete flow path(s) that contained PCE.

5.5 DNAPL Dissolution
Results of the DNAPL dissolution experiments for each rock are shown in Figure 5-7. PCE
mass within the fractures remained relatively constant during the experiments, as less than 5% of
the PCE mass was removed via dissolution. For all four rock experiments, effluent dissolved
PCE concentrations approached equilibrium with decreasing flow velocity through the rock,
which is consistent with dissolution results observed by others in unconsolidated media (9).
These results indicate that PCE dissolution into the mobile water is mass-transfer controlled, and
that equilibrium conditions are approached as the flow velocity through the fracture decreases.
However, equilibrium concentrations are approached more slowly in the Colorado rocks than the
Arizona rocks, especially for rock C1.
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Figure 5-7. Effluent dissolved PCE concentration relative to PCE solubility plotted as a
function of water velocity for each rock.
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To explain this difference in dissolution behavior between the Colorado and Arizona rocks,
we consider the DNAPL architecture. PCE in rocks C1 and C2 flowed through preferential
pathways of large aperture regions and displaced very little water, as discussed in the previous
section. After attaining residual PCE saturation, only a fraction of the water flow through the
Colorado rocks likely came into contact with the residual PCE, as a substantial fraction of the
water flowing through the rocks were in the “smaller” aperture regions in which PCE never
entered. Thus, during dissolution in rocks C1 and C2, the net effluent PCE concentration is
reduced due to dilution from flow paths that have not been contacted with PCE. Such flow
heterogeneity would likely prevent effluent PCE concentrations in the C1 and C2 rocks from
reaching equilibrium until velocities decrease to very small values that would allow diffusioncontrolled mixing across flow paths. Thus, fracture planes with preferential flow paths for
DNAPL may have reduced dissolved contaminant concentrations relative to fracture planes with
a more homogeneous flow field.
To further evaluate the dissolution data, lumped mass transfer coefficients were calculated by
assuming: 1) one-dimensional steady-state convection, dispersion, and dissolution in the
fractures, 2) a dissolved PCE concentration of zero at the fracture inlet, and 3) a saturated PCE
aqueous solution at infinite length (9, 94):

60θ ⎡⎛
C
2D ⎛
⎢⎜ v −
⎜⎜1 −
KL =
ln
x ⎝ C sat
4D ⎢⎜⎝
⎣

2
⎤
⎞⎞
⎟⎟ ⎟ − v 2 ⎥
⎟
⎥
⎠⎠
⎦

Eq. 5-6

where KL is the lumped mass transfer coefficient (converted to min-1) and Csat is the DNAPL
aqueous solubility (mg/cm3). An intrinsic (or, interfacial) mass transfer coefficient, Ki (cm/min),
is then calculated as follows:

Ki =

KL
ai

Eq. 5-7

Calculated values of KL and Ki for each rock were evaluated as a function of the Reynolds
number:
ρvδ f
Eq. 5-8
Re =
μ
where the friction-loss aperture is used as the characteristic length. This characteristic length
was selected because it is assumed that DNAPL-water interfacial mass transfer will occur
primarily where small aperture regions intersect large aperture regions (i.e., where DNAPL
resides due to capillarity). As previously discussed, measurements of small aperture regions are
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Bulk Mass Transfer Coefficient
(1/min)

better associated with the friction-loss aperture rather than the mass-balance aperture. Mass
transfer coefficients as a function of Re are plotted for each rock in Figure 5-8. In general,
values of KL and Ki increase nonlinearly with increasing Re, and appear to approach an
asymptotic value of KL and Ki at higher Re values. This trend is likely due to higher velocities
reducing the thickness of the boundary layer at the DNAPL-water interface, reducing diffusion
lengths for mass transfer, and thus increasing the mass-transfer coefficient. Results also indicate
that the trends among the four rocks are more similar for Ki than for KL, for flows below an Re
of 0.01. For Re greater than 0.01, Ki provided no significant improvement over KL for relating
mass transfer, likely due to the dissolution becoming increasingly diffusion controlled (i.e., the
effective interfacial areas at the elevated flow rates likely were substantially different than those
provided in Table 5-2.
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Figure 5-8. Lumped and intrinsic mass transfer coefficients plotted as a function of the
Reynolds Number for each rock.
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By comparison, the lumped mass transfer coefficients measured by Dickson and Thomson
(10) in limestone rock fractures at the start of dissolution were approximately 10-times less than
those shown in Figure 5-8. DNAPL residual saturations attained by Dickson and Thomson
ranged between 0.10 and 0.21, which were significantly less than those measured in the current
study, and may explain, in part, the discrepancy in dissolution kinetics between the two studies.
The intrinsic mass transfer coefficients measured by Cho et al. (9) in sands were approximately
10-times greater than those shown in Figure 5-8. This comparison suggests that, even when
accounting for DNAPL-water interfacial area, DNAPL-dissolution kinetics are substantially
slower in the bedrock fracture planes than in sands, possibly due to decreased efficiency of
mixing and mass transfer in fractures relative to unconsolidated media. As discussed in the
previous section, the PCE-water interfacial area is larger in sands than in discrete bedrock
fractures; thus, overall DNAPL dissolution rates in bedrock fractures is likely substantially less
than the corresponding rate in unconsolidated sands. Further study using different rock types
and fracture networks are needed to attain improved insight into DNAPL dissolution kinetics and
morphology in fractured rock systems.

5.6 Conclusions – Discrete Fracture Dissolution Experiments
The discrete fracture dissolution experiments have shown that DNAPL dissolution rates in
fractures are less than in unconsolidated media of comparable scale, suggesting that DNAPL
dissolution in fractures is a relatively slow process compared to DNAPL dissolution in soils.
The presence of preferential water and DNAPL flow paths, even within a single fracture plane,
was shown to have a significant impact on observed DNAPL dissolution rates, and suggests that
heterogeneity and DNAPL distribution at the fracture scale can impede dissolution processes.
Examination of the DNAPL architecture relative to the fracture aperture and aperture distribution
of the experimental systems was useful in evaluating PCE dissolution behavior. PCE dissolution
was reasonably described using a Reynolds number correlation that incorporated DNAPL
architecture (the friction loss aperture and the DNAPL-water interfacial area). Development of
this Reynolds number correlation and the insights attained into DNAPL dissolution in fractures
could serve as useful tools in evaluating DNAPL dissolution in bedrock aquifers.
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6. RESULTS & DISCUSSION:
SINGLE FRACTURE BIOAUGMENTATION EXPERIMENTS

6.1 Batch Experiments
Results of the batch testing showed that no dechlorination daughter products (including
chloride) were generated over the duration of the experiment in any experiments that contained
PCE DNAPL (Figure 6-1). In addition, no fermentation of the lactate was observed, and no
sulfate reduction occurred in experiments where DNAPL was present. Thus, the presence of the
PCE DNAPL exhibited an apparent inhibitory effect not only on the DHC, but on the
fermentative and sulfate reducing bacteria present in the consortium. The addition of hydrogen
to the batch reactor systems (900 nM final concentration) did not result in any PCE
dechlorination. For the batch experiments containing only dissolved PCE, PCE dechlorination to
VC occurred within 20 hours, with continued transformation to ethene over the next several
days.
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Figure 6-1. Batch bioaugmentation experiment with PCE DNAPL. No dechlorination of the
PCE was observed over 45 days.
Results for these batch studies indicated that the presence of PCE DNAPL was inhibitory to
PCE dechlorination, which is consistent with the results of others (21-23). The lack of PCE
dechlorination in the presence of DNAPL could be due to toxicity from the sustained elevated
dissolved PCE concentration from the dissolution of the DNAPL, and/or solvation of the DHC
into the non aqueous phase.
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6.2 Dechlorination Kinetics
Initial batch experiments for determination of the Monod kinetic parameters for PCE are
shown in Figure 6-2. Results showed that rapid and complete dechlorination of PCE. Using the
regression methods described in Schaefer et al. (17), the Mood kinetic parameters were
determined for PCE. The regressed half velocity coefficient for PCE is 0.43 ± 0.37 mM, the
regressed competition coefficient is 1.1 ± 0.012 x 10-2, and the regressed DHC maximum
utilization rate coefficient is 1.7 ± 0.90 x 10-12 mmol Cl-(cell h)-1. These parameters are used
within the bioaugmentation model presented in Section 7.

0.09
0.08

mmol

0.07
0.06

DCE

0.05

VC
Ethene

0.04

TCE

0.03

PCE

0.02
0.01
0
0

20

40

60

80

100

120

140

Time (minutes)

0.09
0.08

mmol

0.07
0.06

DCE

0.05

VC
Ethene

0.04

TCE

0.03

PCE

0.02
0.01
0
0

20

40

60

80

100

120

140

Time (minutes)

Figure 6-2. PCE dechlorination. In the top figure, an initial PCE concentration of
approximately 0.07 mM was used. In the bottom figure, initial concentrations of approximately
0.06 mM PCE and TCE were used. Initial DHC concentrations were 3.8 x 1011 cell/L.

6.3 General Observations during Bioaugmentation Experiments
Prior to bioaugmentation and during delivery of the lactate and yeast extract amended artificial
groundwater, no dechlorination was observed, and DHC levels were below the detection limit
(<105 DHC/L). Dissolved PCE concentrations measured prior to bioaugmentation (or within a
few weeks after bioaugmenting, but prior to observation of measurable dechlorination) generally
were in reasonable agreement (± 20%) to the abiotic PCE DNAPL dissolution concentrations
measured in these same bedrock fractures at the initial flow velocities listed in Table 3-3. The
two exceptions were Experiments 1 and 5, where the effluent PCE concentrations varied by up to
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40% from those measured during the abiotic experiments (Section 5); this discrepancy may have
been due to slight differences in flow paths within the fracture due to introduction of the
microbial culture. During all bioaugmentation experiments, effluent pH levels remained at
approximately 6.5, and lactate and/or intermediate fermentation products were consistently
observed in the fracture effluent indicating that electron donor was present in excess.

6.4 Dechlorination Results
Arizona Rocks – High Flowrate (Experiments 1 and 2)
After inoculating with DHC, monitoring showed that dechlorination of PCE occurred in the
fractures despite the presence of DNAPL, with generation of measurable quantities of ethene,
despite relatively short fracture residence times (270 and 450 minutes for A1 and A2,
respectively) (Figure 6-3). DCE initially was the primary dechlorination product in both rocks,
but ethene became the predominant dechlorination product at later times. VC and ethene
concentrations between days 125 and 195 generally ranged between 0.01 and 0.03 mM. The
shift from DCE accumulation to ethene was most apparent in A1, where the DCE to ethene
transition correlated with decreases in dissolved PCE concentration to approximately 0.3 mM.
These observations suggest that elevated dissolved PCE concentrations limited the further
dechlorination of DCE. Similar DCE dechlorination inhibition near PCE DNAPL sources has
been observed (22).
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Figure 6-3. Effluent concentrations of ethenes and DHC from rock A1 (top) and A2 (bottom) in
Experiments 1 and 2, respectively. Fractures were bioaugmented on Day 0. The vertical dashed
lines indicate when inoculation with additional culture was performed. The solid line for A1
represents the predicted rate of DHC growth (17). For A2, some interruptions in flow occurred
between days 150 and 190. Chloride concentrations were not monitored in Experiments 1 and 2.
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DNAPL mass removal was estimated by calculating the mass of dissolved PCE and daughter
products exiting the fracture effluent. Approximately 16% of the residual DNAPL was removed
in A1 during the experiment (15% as PCE, 1% as reductive dechlorination products).
Approximately 8% of the residual DNAPL was removed in A2 during the experiment, with < 1%
as dechlorination products (as shown in Table 3-3, A2 contained approximately twice the
DNAPL residual volume as A1, which is the primary reason for the large discrepancy in %
DNAPL mass removal). While no observable decrease in effluent PCE concentration was
observed in A2, effluent PCE concentrations decreased to approximately 0.01 mM in A1, which
represents approximately a 98% decrease in effluent PCE concentration with only a 16%
decrease in residual PCE DNAPL. This result suggests that most of the residual PCE residing in
A1 was in low permeability regions that were not well contacted by migrating water. After day
195, as PCE concentrations continued to decrease in A1, ethene concentrations increased to
approximately twice that of PCE, and VC concentrations increased to approximately equal that
of PCE. This observation may suggest that the extent of dechlorination within a PCE DNAPL
source zone is dependent upon the DNAPL source zone strength function (95). DNAPL sources
in bedrock that have dissolved concentrations that decrease rapidly in response to a relatively
small fraction of DNAPL source removal may exhibit greater conversion to VC and ethene in
response to bioaugmentation treatment than DNAPL sources that maintain elevated dissolved
concentrations until nearly all the DNAPL mass is depleted.
An increasing trend in eluted DHC concentrations in both A1 and A2 was observed through
120 days, as effluent DHC levels increased by nearly 4 orders of magnitude. The rate of DHC
growth observed in the fracture effluent is well predicted by our previously developed DHC
Monod kinetic model (17), as indicated by the solid line for Experiment 1. This model (17) is
based on DHC that have been proven capable of complete dechlorination to ethene. These data
suggest that the dechlorination and DHC growth in this study are likely due to DHC capable of
complete dechlorination. Thus, for the SDC-9 culture and the conditions of this study, the role of
any partial dechlorinators likely was limited. It is unclear if adding additional culture had a
substantial impact on effluent DHC levels, as effluent DHC levels may have been increasing
prior to re-inoculation. DHC concentrations in A1 were slightly greater than in A2, possibly due
to the lower dissolved PCE concentration in A1 that may have resulted in decreased
inhibition/toxicity on DHC growth and subsequent detachment. Integration of the DHC elution
curve and multiplying by the flow rate showed that the amount of DHC eluted from A1 and A2
were 28- and 7-times greater (respectively) than the total amount of DHC inoculated, verifying
that DHC growth occurred in the fractures. Some short flow interruptions occurred in A2
between 150 and 190 days, which might explain the decrease in DHC and increase in PCE
within this interval.
The influent solution for both A1 and A2 was switched to aerobic artificial groundwater
(without lactate) on day 197; 500 ppm hypochlorite was added to the influent solution between
days 210 and 212 to remove biomass that may have been sustaining (but at a substantially
decreased rate) dechlorination (96, 97). These data suggest that biomass generated in response to
bioaugmentation and electron donor addition can serve as a sustained in situ electron donor
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source after active electron donor addition has ceased. Despite the absence of any substantial
dechlorination by the end of the experiment (after 212 days), PCE concentrations remained low
in Experiment 1, and did not rebound, indicating that the decreased PCE concentrations were the
result of a decrease in DNAPL mass, and were not suppressed due to biological reaction.
Arizona Rocks – Low Flowrate (Experiments 3 and 4)
Results of bioaugmentation in the Arizona rocks for Experiments 3 and 4 (Figure 6-4)
showed that DCE was the primary dechlorination daughter product, and that DCE concentrations
were elevated (∼1 mM) compared to DCE concentrations measured in Experiments 1 and 2 (0.1
to 0.3 mM). VC concentrations in Experiments 3 and 4 were 10-times greater than in
Experiments 1 and 2. The increased DCE and VC concentrations in Experiments 3 and 4 were
likely due to the increased residence time, which allowed for a greater extent of PCE
dechlorination within the fractures. Conversely, despite the increased residence time, ethene
concentrations in Experiments 3 and 4 were 3-times less than in Experiments 1 and 2. One
explanation for this is that VC dechlorination in Experiments 3 and 4 may have been inhibited by
the elevated dissolved PCE concentrations, which remained near solubility (approximately 1
mM) throughout the experiment. Alternately, the elevated DCE concentrations in Experiments 3
and 4 may have inhibited VC dechlorination (25).
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Figure 6-4. Effluent concentrations of ethenes, chloride, and DHC from rock A1 (top) and A2
(bottom) in Experiments 3 and 4, respectively. Fractures were bioaugmented on Day 0. The
vertical lines indicate when the fractures flow was decreased from approximately 0.10 cm3/min
to 0.025 cm3/min. Experiment 4 was terminated prior to Experiment 3.
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Despite the generation of DCE to molar levels near that of the initial PCE effluent
concentration, no decreases in effluent PCE concentration were observed during the duration of
the experiment. This indicates that biotic dechlorination of the PCE increases the concentration
gradient for DNAPL dissolution, thereby enhancing the overall rate of DNAPL dissolution. The
quantity of chloride generated was approximately two-times greater than the expected quantity
based on the measured chlorinated ethene (and ethene) daughter products. This discrepancy
likely is due to back-partitioning of chlorinated ethene daughter products into the DNAPL (28).
The effluent DHC concentrations in Experiments 3 and 4 were 3 orders of magnitude less
than in Experiments 1 and 2, despite similar total bioaugmentation dosages. In addition, the total
eluted DHC in Experiments 3 and 4 accounted for only 10% of the bioaugmented dosage. These
findings suggest that most of the DHC likely became retained within the fractures. However, the
increase in DCE concentration was proportional to the increase in residence time in the fracture,
suggests that DHC were still controlling dechlorination. However, a contribution from non-DHC
partial dechlorinators cannot be completely ruled out. While the absence in DHC concentrations
eluting from the fracture suggest that DHC growth was not occurring, the increase in
dechlorination rate (as evidenced by the increases in effluent chloride and chlorinated ethene
daughters) indicated that DHC levels within the fracture were in fact increasing. As discussed in
Section 6.6, increases in immobile DHC (present as biofilms) were likely the cause for the
increases in dechlorination rates.
Less than 6% of the initial residual PCE DNAPL was removed from the fractures during the
duration of Experiments 3 and 4. PCE mass balance analysis performed on A1 showed that PCE
mass removed during bioaugmentation and the post-treatment ethanol flushing accounted for
90% of the initially emplaced DNAPL mass; similar analysis performed for A2 showed 86%
PCE mass recovery.
Colorado Rocks – Low Flowrate (Experiments 5 and 6)
Results for rock C1 (Figure 6-5) were similar to Experiments 3 and 4. Effluent DHC levels
decreased from 109 DHC/L to 106 DHC/L after reducing the flow rate, consistent with shearcontrolled detachment process and consistent with comparison of the low and high flow rate
experiments for the Arizona rocks. No increasing trend in effluent DHC was observed
throughout the experiment, which is consistent with the low flowrate experiments in A1 and A2.
Most of the injected DHC was retained within C1, as the total eluted DHC accounted for
approximately 30% of the total bioaugmented cells.
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Figure 6-5. Effluent concentrations of ethenes, chloride, and DHC from rock C1 (top) and C2
(bottom) in Experiments 5 and 6, respectively. Fractures were bioaugmented on Day 0. The
vertical lines indicate when the fractures flow was decreased or when inoculation with additional
culture was performed.
Approximately 7% of the residual PCE DNAPL mass was removed (as PCE and reductive
dechlorination daughter products) during the C1 experiment (Experiment 5). PCE mass balance
analysis performed on C1 showed that PCE mass removed during bioaugmentation and the posttreatment ethanol flushing accounted for 96% of the initially emplaced DNAPL mass.
For C2 (Experiment 6), adding additional culture at a 100-fold greater DHC dosage resulted
in elevated DHC concentrations in the effluent. However, less than 1% of the total DHC injected
eluted through the fracture. DHC effluent concentrations increased after adding the additional
culture, but then remained constant (within an order of magnitude) throughout the remainder of
the experiment. Approximately 8% of the residual PCE DNAPL mass was removed (as PCE and
reductive dechlorination daughter products). PCE mass balance analysis performed on C2
showed that PCE mass removed during bioaugmentation and the post-treatment ethanol flushing
accounted for 59% of the initially emplaced DNAPL mass; this relatively low mass recovery
may have been due to losses (leakage, spillage) during the ethanol flushing.
Impact of Increased Flow (Experiment 7)
qPCR results indicated that no rapid DHC elution or “spike” was observed (greater than 90%
of the injected DHC were retained within the fracture), and effluent DHC concentrations were
consistent with those obtained in Experiment 5 (Figure 6-6). Initially elevated DHC levels do
suggest that some relatively small fraction of DHC were able to rapidly elute through the
fracture. Increasing the flow rate resulted in an increase in DHC effluent concentration of
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approximately a factor of 5. Combined with the observed decrease in effluent DHC
concentrations observed in Experiments 3 and 4 (which were operated at a lower flowrate than in
Experiments 1 and 2), these data suggest that DHC detachment and downgradient migration is
proportional to the shear.
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Figure 6-6. Effluent DHC levels. DHC levels increase approximately 5-fold after decreasing the
flow velocity from 0.044 cm/min to 0.22 cm/min. This suggests that shear forces impact mobile
DHC levels within the fractures.

6.5 DNAPL Dissolution Enhancement
Similar to the approach employed by others (98), a maximum biotic dissolution enhancement
factor (E) to describe the increased rate of DNAPL dissolution during bioaugmentation was
calculated as follows:
[PCE] + ([TCE] + [DCE] + [VC] + [ethene])
E=

[PCE]

[Cl − ] measured
[Cl − ] theoretical

Eq. 6-1

where the bracketed terms represent measured molar concentration (mM), and the theoretical
chloride concentration is the expected chloride concentration based on the measured chlorinated
ethene (and ethene) daughter products. The difference between [Cl-]measured and [Cl-]theoretical is
assumed to be due to back-partitioning of the organic daughter products into the DNAPL. For
[PCE] in Eq. 6-1, the PCE solubility was used for Experiments 3 through 6, since effluent PCE
concentrations remained at solubility throughout the duration of the experiment. In Experiments
1 and 2, the PCE concentration measured at 197 days were used, because these concentrations
were unchanged after terminating active bioaugmentation.
For the high-flow Experiments 1 and 2, the values of E at the end of bioaugmentation (197
days) were approximately 5 and 1.1, respectively. The reason for the difference in these two
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experiments likely is due to the decreased PCE concentrations in Experiment 1 that resulted in
less toxicity, which is consistent with observed PCE DNAPL inhibition on dechlorination
observed by others (22). It is noted that chloride concentrations were not measured in
Experiments 1 and 2, so the actual dissolution enhancement may have been greater than that
calculated based on measurement of ethenes alone. For Experiments 3 and 4, the values of E at
the end of the experiments were 3.5 and 3.4, respectively. Despite having elevated dissolved
PCE concentrations, the dissolution enhancement factor is greater than in Experiment 2 due to
the decreased flow rate (longer residence time) in the fracture that provided more time for
reductive dechlorination. Daughter product concentrations were gradually increasing at the end
of the experiment, so a longer duration experiment would likely have yielded increased values of
E.
The calculated values of E for Experiments 1 through 4 generally are within the general
range observed by others working with unconsolidated materials (23, 25, 26). However, based
on the results of our batch testing and the results others (23), negligible PCE dechlorination
would have been expected, due to the presence of DNAPL and dissolved PCE concentrations
near 1 mM. The presence of regions within the fracture where the dissolved PCE concentration
was reduced (due to flow heterogeneity), thereby facilitating DHC growth and dechlorination
activity, is one possible explanation for the observed enhancement factors.
Despite the reduced flow velocities, the dissolution enhancement factors for C1 and C2
(Experiments 5 and 6) were 1.4 and 1.3, respectively. The reason for these relatively low values
of E compared to Experiments 3 and 4 (which also were performed at reduced flow velocities)
may be due to differences in the effective aperture distribution in each set of rocks. The
Colorado rocks have an effective fracture distribution that is substantially more uniform than the
Arizona rocks (32). The Arizona rocks contain a comparatively greater number of small aperture
regions along the flow path; these small aperture regions likely are devoid of DNAPL, and may
serve as optimal locations for DHC biofilm growth and dechlorination activity. Thus,
comparison of the Colorado and Arizona bioaugmentation data suggest that aperture distribution
(and the distribution of DNAPL within the fractures) may control dechlorination kinetics and
overall bioaugmentation effectiveness in these systems.
When considering the measured dissolution enhancement factors in this bench scale
study, it is important to consider the length scale of the experiment. If the length scale of the
fracture was 10-times greater, the bioaugmentation residence time correspondingly would be
10-times greater, resulting in approximately a 10-fold increase in dechlorination daughter
products. This would result in a calculated value of E that was approximately 10-times
greater than those calculated in this study. Thus, results from all six dissolution experiments
suggest that bioaugmentation has the potential to substantially increase the rate of DNAPL
dissolution at larger scales.
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6.6 DHC Migration
As observed by comparing Experiments 1 and 2 to Experiments 3 and 4, effluent DHC
concentrations were determined to not be a useful metric for assessing DNAPL dechlorination
kinetics. These observations differ from our previous studies that evaluated dissolved phase
DCE dechlorination in sand columns (17), where effluent DHC concentrations were correlated to
the dechlorination kinetics observed in the column. The presence of the PCE DNAPL, and its
inhibitory effects on planktonic DHC at elevated aqueous PCE concentrations, is one possible
reason for this discrepancy. DHC present in biofilms, which night be more resistant to toxicity
than planktonic cells (99, 100), could have played a dominant role in the observed PCE
dechlorination. Additional study is needed to further evaluate the role of DHC in biofilms in
bedrock fractures when PCE DNAPL is present.

While increasing the DHC inoculation dosage did not have a measurable impact on
dechlorination (as observed by comparing Experiments 5 and 6), the flux of DHC leaving the
column was approximately 100-times greater in C2 than in C1. This increased concentration of
DHC migrating downgradient of the DNAPL source zone could provide additional remedial
benefit for the downgradient plume (25).

6.7 Discrete Fracture Bioaugmentation Conclusions
The bioaugmentation experiments for treatment of DNAPL sources in single fracture planes
have shown that bioaugmentation using DHC can substantially enhance PCE DNAPL
dissolution rates in bedrock fractures. Planktonic DHC in batch systems were unable to
dechlorinate PCE when DNAPL was present, but substantial dechlorination was observed in the
DNAPL-impacted bedrock fractures. Biofilms and/or the presence of regions with lower
dissolved PCE concentrations may have mitigated the inhibitory effects of sustained and elevated
PCE levels, resulting in the observed dechlorination. Effluent DHC concentrations did not
correlate to observed dechlorination activity, but rather were a function of the flow rate and
shear.
For the experimental fracture systems and DHC dosages examined, DNAPL
dechlorination kinetics were more sensitive to fracture properties than to bioaugmentation
dosage, as demonstrated by the differences in the Arizona and Colorado rocks, and the negligible
impact on dechlorination rates after increasing the bioaugmentation dosage. However,
downgradient migration of DHC, and potential treatment of the dissolved downgradient plume,
was impacted by the DHC dosage. Although additional studies are needed to further examine
these processes under a wider range of conditions, these results suggest that bioaugmentation
may be a viable option for treatment of DNAPL in bedrock, and that bench scale batch testing
may not be an appropriate indicator of in situ dechlorination kinetics when DNAPL is present.
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7. RESULTS & DISCUSSION:
BIOAUGMENTATION MODEL

7.1 Verification Using Batch Data and Simulation
As a preliminary exercise, the kinetic model was first tested to reproduce the batch results
reported in Schaefer et al (17). The purpose of this exercise was to validate the numerical code
by reproducing a published dataset, and also to test whether a simplified version of the
conceptual model presented in the earlier section can sufficiently reproduce a batch experiment.
The results from this exercise are summarized in Figure 7-1. The governing reaction kinetic
equations used for batch simulations are the same as those presented in Section 4, but with no
velocity or dispersion terms (further details of the batch model are presented in Schaefer et al.
(17)). The biodegradation parameters used in batch simulations, given in Table 7-1 were
obtained from Schaefer et al. (17); our current model produced nearly identical results.

Figure 7-1. Model prediction for the batch results reported in Schaefer et al. (17).
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Table 7-1. Bioaugmentation parameters regressed from batch experiments in Schaefer et al (17),
and Section 6. The yield coefficient is 4.4 x 109 cell per mM Cl-.
Species
PCE
TCE
DCE
VC

K(mM)
0.42
0.0032
0.002
0.014

q (mmol L-1 (cell hr)-1)
1.70E-12
1.30E-12
7.00E-13
1.40E-12

I (mM)
2.50E -01
1.00E+06
5.20E -03
1.00E+06

7.2 Model Calibration
The low velocity discrete fracture bioaugmentation experiment, Experiment 3 (Section 6),
was used to calibrate the model. The length of the one-dimensional, fracture flow domain was
29 cm, and the domain was discretized using a finite difference grid of 1 cm (∆x). Other
transport parameters used in the simulation are summarized in Table 7-2. It was assumed that
the initial inoculation process equally distributed DHC among all the 30 nodes (although the
assumption of non-uniform distribution of DHC in the fracture would have little impact on
dechlorination rates observed at the effluent). The model was constrained to allow bacterial
accumulation at a node to a maximum limiting value of 1 x 1011 cells/L; this is a common
approach used for preventing unrealistic accumulation of cells within pore spaces. For example,
a parameter θmax has been used to describe the maximum capacity for the adhering bacteria
(101). The limiting parameter used in this study employs a similar methodology.

Table 7-2: Summary of numerical model parameters used for Experiment 3 (Section 6).
29
Length (cm)
Velocity (cm/hr)
Simulation time (hr)
Δx (cm)
Δt (hr)
Immobile bacteria per node at t=0
(Cells/L)
Katt (1/hr)

6.45
5712
1
0.1
1.00E+06
0.0018

Two distinct values of DHC maximum utilization rate for DCE degradation, qDCE, were used
to account for possible inhibitory effects due to presence of high concentrations of PCE (25,
102). When the PCE concentration was less than 0.3mM, the value of qDCE was assume to be
identical to the batch value. When the concentration of PCE was more than 0.3mM, Yu and
Semprini (102) have indicated that the system might show possible inhibitory effects. Therefore,
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under high PCE conditions, the value of qDCE was allowed go below the batch-estimated value.
The lower value was estimated as a part of the calibration process.
During the calibration step, we used the Monod parameters from the batch experiments,
shown in Table 7-1, as reference values and perturbed them within an order of magnitude and
used a trial-and-error process to fit the observed experimental data. In addition to adjusting the
Monod parameters, we also fitted the back-partitioning coefficient. It has been shown that a
certain fraction of degraded daughter products can back partition to the original DNAPL phases,
thus the original DNAPL can serve as a sink for the daughter species (83, 86). We used a backpartitioning coefficient (ξ) in our transport model to describe this process. It was observed from
the experimental data that DCE was the major daughter product which indicated maximum back
partitioning. Hence, the back-partitioning coefficient for DCE was identified as the primary
fitting parameter. It is logical to assume that the value of ξ would depend on the solubility level
(which is affinity of the species to remain in the aqueous phase). Based on this assumption, the
values of back-partitioning coefficient for the remaining daughter products were simply scaled
using their respective values solubility level. The equation used for this scaling process was:
ξi =

DCE solubility in mM
*ξ DCE
Solubility of daughter product i

Eq. 9-1

Appendix A provides various values ξ and the detailed calculations that employ the above
expression.
Figure 7-2 shows compared the final (fitted) model results against the Experiment-A data.
The model calibrated values of Monod parameters are summarized in Table 7-3. It can be
observed from Figure 7-2 that the results from the model simulations closely follow the trends
observed in the experimental results. The model was able to close the mass balance and
simulated the chloride ion concentrations very well. Comparison of the values shown in Table 73 and Table 7-1 indicate that the fitted model parameters for the transport experiment are within
an order of magnitude of the batch parameters. The observed differences in model parameters
estimated for the transport and batch model could be due to the heterogeneities present in the
fractured system, and/or the elevated PCE and DCE concentrations observed in the fracture
experiments compared to the batch experiments that were used to derive the Monod parameters.
Several published studies have concluded that batch and column parameters differ due to porescale variations and other heterogeneities (103, 104).

ER-1554 Final Report

77

Figure 7-2. Model calibration results. Continuous lines represent the model results and the
symbols represent Experiment 3 (Section 6) data.

Table 7-3: Calibrated Monod parameters for the Experiment 3. The calibrated yield coefficient
was 1.8 x 108 cell per mM Cl-.
Species
PCE
TCE
DCE
VC

K(mM)
0.42
0.0032
0.002
0.014

q (mmol L-1 (cell hr)-1)
0.87E-12
1.05E-12
1.85E-13, 7.00E-13
1.05E-12

I (mM)
2.50E -01
1.00E+06
5.20E -03
1.00E+06

7.3 Model Prediction
The calibrated model developed using the low flow rate data, Experiment 3, was used to
simulate the high-flow discrete fracture bioaugmentation experimental system, Experiment 1 in
Section 6.. The simulation results along with the experimental data for all daughter products are
summarized in Figure 7-3. A comparison of the measured PCE concentration data and the
modeled PCE concentrations for Experiment 1 is shown in Figure 7-4. The parent and daughter
product data were reported in separate figures for clarity, since the concentrations of PCE were
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much higher than any of the daughter products. The results from model-simulations closely
follow the experimental data. It should be noted that the all the Monod parameters used in the
validation simulation were identical to those estimated in the calibration step. However, the
validation step required scaling of two physical transport parameters—the back-partitioning
coefficient (for DCE) and the detachment factor to scale for the high velocity conditions. These
two parameters likely are a function of the residence time (allowing more time for daughter
products to back-partition into the DNAPL) and pore-velocity (which is expected to be
proportional to shear forces responsible for bacterial detachment). The modified values of ξDCE
and kdet are 0.004 hr-1, and 6 x 10-7 hr-1, respectively. Previously (Section 6), we observed that
the detachment process was a function of velocity (which will increase biomass shearing), as
increased mobile DHC were measured at the elevated velocity. The high velocity conditions
maintained in Experiment 1 caused more bacteria to detach from the immobile phase, when
compared to the low velocity condition used for calibration to Experiment 3. This resulted in a
relatively high detachment rate for Experiment 1 and also high mobile phase bacterial
concentrations which were consistent with the observed experimental data. The reduced
regressed value of ξDCE in the high velocity (low residence time) experiment is consistent with
our conceptual model that the reduced residence time limited the extent to which daughter
products were able to back-partition into the DNAPL.

Figure 7-3. Model prediction results. Continuous lines represent the model results and the
symbols represent Experiment 1 (Section 6) data.
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Figure 7-4. Comparison of modeled and observed PCE concentration levels (Bioaugmentation
Experiment 1)

7.4 Sensitivity Analysis
To further understand sensitivity of the model to variations in the parameter values, we
performed a sensitivity study. During the calibration step we have identified that the yield
coefficient and DHC maximum utilization rate coefficient (q) were the most sensitive model
parameters. We focused on these model parameters and perturbed them within an order of
magnitude and explored its effects on model predicted results for Bioaugmentation Experiment
3. The results are summarized in the following sections.

7.4.1 Model response to variations in the yield coefficient
The yield coefficient was varied by the following two factors: 0.5 and 5. Figures 7-5 and 7-6
provide a summary of these simulation results. The yield coefficient governs the rate of growth
of the bacteria. It can be observed from these figures that the growth of the bacteria increased
with an increase in yield coefficient and thereby causing significant amount of biodegradation. It
can also be observed from Figure 7-6 that when the yield coefficient is lowered by 0.5-times, the
amount of bacterial growth was considerably lower and the biodegradation is delayed until 50
days instead of the expected 20 days. However, when the yield coefficient is increased by 5times, the bacterial growth is faster and the biodegradation occurs earlier.
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Figure 7-5. Model response to an decrease in yield by 0.5 times for Experiment 3.

Figure 7-6. Model response to an increase in yield by 5 times for Experiment 3.
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7.4.2 Model response to variations in the DHC maximum utilization rate constant (q)
The simulated DHC maximum utilization rate constant (q) was varied by the following two
factors: 0.5 and 2, as shown in Figures 7-7 and 7-8, respectively. The parameter q governs the
rate at which the chlorinated ethenes are degraded into their daughter products. It can be
observed from the figures that when the values of q were increased, the biodegradation of PCE
and its daughter products was higher as shown in Figure 7-8. This increase in dechlorination
activity was marked by a significant increase in the chloride ion concentrations. However, a
decrease in q (as shown in Figure 7-7), decreased the observed dechlorination activity.
Therefore, the observed aqueous concentrations of PCE and its daughter products are
considerably lower when compared to the experimental data.

Figure 7-7. Model response a decrease in q by 0.5-times for Experiment 3.
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Figure 7-8. Model response to an increase in q by 2 times for Experiment 3.

7.4.3 Bioaugmentation Model Conclusions
The presented mathematical modeling framework can be used to model bioremediation of
PCE DNAPL using Dehalococcoides in a fracture flow systems. This model was successfully
calibrated to our low flow experimental dataset. The performance of the calibrated model was
tested by completing a validation simulation where the model was used to predict a transport
scenario involving high flow conditions (and comparing it to the high flow dataset). The model
was able to predict the high flow rate dataset using the calibrated values of biological process
parameter (Monod parameters). The only model adjustments that had to be made for the high
flow dataset included the back-partitioning coefficient and the detachment rate, both of which
our conceptual model indicates will vary with flow rate. Our sensitivity studies show that the
yield coefficient and the DHC maximum utilization rate coefficient are highly sensitive
parameters that need to be carefully calibrated. However, the batch estimates of yield coefficient
and maximum utilization rate coefficient provide excellent estimates for the calibration process,
and final calibrated values were within an order of magnitude of the batch-kinetic values
presented in Schaefer et al (17).
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8. RESULTS & DISCUSSION:
SINGLE FRACTURE CHEMICAL OXIDATION EXPERIMENTS

8.1 Persulfate Experiments
Results for the persulfate experiments, both alkaline and Fe-EDTA activated, are provided in
Figure 8-1. DNAPL treatment rates were based on the mass of chloride generated per unit time,
as calculated by measuring the concentration of chloride in the effluent minus the concentration
of background chloride in the artificial groundwater. Use of chloride generation to determine
PCE or TCE treatment rates has been shown to be appropriate for both permanganate and
persulfate (40, 105).
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Figure 8-1. PCE DNAPL mass removal rates in the persulfate experiments based on chloride
generation. Top – A1 rock; bottom – C2 rock. PCE DNAPL mass removal rates measured
during bioaugmentation (Section 6) are provided for comparison.
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DNAPL mass removal rates for the Fe-EDTA activated treatments were similar in trend for
the three experiments, as an initial spike than slow decrease in DNAPL treatment rate was
observed. However, the mass of PCE oxidized varied as a function of activation method and
rock type. Approximately 1240 mg of PCE were oxidized in A1 using an Fe-EDTA
concentration of 1,000 mg/L, corresponding to removal of 4% of the DNAPL mass. In
comparison, only 550 mg of PCE were oxidized in A1 using an Fe-EDTA concentration of 500
mg/L, corresponding to removal of 1.8% of the DNAPL mass. In the C2 system, persulfate
activation using 500 mg/L of EDTA resulted in 980 mg of PCE removal, corresponding to
removal of 20% of the DNAPL mass. The pH values during the maximum rates of DNAPL
mass removal were approximately 2, but increased to 4 as the DNAPL mass removal rates
decreased.
Results using the alkaline activated persulfate in C2 showed a decreasing trend in DNAPL
mass removal similar to that observed for the Fe-EDTA activated persulfate experiments, but the
PCE mass removed during treatment was much less, with only 2% of the residual DNAPL
removed. Effluent pH remained at or above 12 throughout the duration of the experiment.
Persulfate elution for each of the four persulfate experiments is shown in Appendix A-2.
Based on the maximum chloride generation observed in the experiments, and the following
stoichiometry:
2Na2S2O8 + C2Cl4 + 4H2O Æ 2CO2 + 4H2SO4 + 4NaCl

Eq. 8-1

the maximum decrease in persulfate concentration was expected to be less than 1,500 mg/L.
Batch experiments also showed that the persulfate demand of the sandstone rock was negligible,
and did not impact elution of the oxidant through the fracture (i.e., no measurable consumption
of persulfate due to reaction with rock minerals). However, ferrous iron activation of persulfate
(and the generation of sulfate radicals) can result in additional consumption of persulfate, thus
the stoichiometry shown in Eq. 8-1 likely underestimates persulfate consumption during ferrous
iron activation (105). Consistent with this, our results showed increased persulfate consumption
(compared to that predicted by Eq. 8-1) for the Fe-EDTA activated experiments. Our data also
show that two weeks lapsed before persulfate was measured in the effluent for the Fe-EDTA
activated experiments, indicating that DNAPL treatment rates were likely oxidant-limited for
these experiments during this period. For the A1 experiments, persulfate consumption using the
1,000 mg/L Fe-EDTA solution (21,900 mg) was greater than that observed using the 500 mg/L
Fe-EDTA (16,100 mg) solution during the elevated period of PCE mass removal (the first 20
days). These results are consistent with the results obtained in batch tests with dissolved phase
TCE, using similar ratios of persulfate to ferrous iron, by Liang et al. (105). A molar
persulfate:PCE ratio of 15 was observed in the 1,000 mg/L Fe-EDTA experiment for A1, and a
molar persulfate:PCE ratio of 25 was observed in the 500 mg/L Fe-EDTA experiment for A1.
These molar ratios are within the range previously reported for TCE in batch and column
systems using chelated ferrous iron (38, 105), and are substantially greater than the 2:1 molar
ratio predicted by Eq. 8-1. These A1 results suggest that chloride generation and DNAPL mass
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removal rates may have been greater in the Fe-EDTA activated C2 experiment if an increased
Fe-EDTA concentration was used.
Dissolved effluent PCE concentrations prior to oxidant addition for A1 and C2 were
approximately 130 mg/L (Figure 8-2); these data are consistent with our previous dissolution
studies performed without the addition of chemical oxidants (Section 5). Activated persulfate
addition resulted in a decrease in the dissolved PCE effluent concentration during the duration of
the oxidant delivery. However, dissolved PCE concentrations increased after oxidant addition
ceased as artificial groundwater only was pumped through the fracture. Elution of dissolved
phase PCE accounted for approximately 1% removal of the residual DNAPL mass initially
emplaced in the A1 experiments, and less than 9% removal of the residual DNAPL mass initially
emplaced in the C2 experiments.
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Figure 8-2. Dissolved effluent PCE concentrations for each persulfate experiment. The first
vertical line indicates when oxidant delivery was initiated, and the second vertical line indicate
when oxidant delivery ceased and artificial groundwater only was injected into the fracture.

8.2 Permanganate Experiment
DNAPL removal rates for the permanganate experiment are provided in Figure 8-3. Results
are similar to those obtained for the Fe-EDTA persulfate experiments in trend, but the peak
DNAPL mass removal rate was several times greater than observed in the persulfate
experiments. Permanganate was measured in the fracture effluent at approximately half the
influent concentration within 24 hours. Approximately 1100 mg of PCE DNAPL was removed,
corresponding to a 2% decrease in DNAPL mass. Dissolved PCE concentrations decreased after
permanganate addition at a rate similar to that obtained in the persulfate experiments. However,
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flow through the fracture ceased by 11 days due to plugging. Substantial generation of MnO2
precipitates was observed as a dark precipitate in the effluent.
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Figure 8-3. PCE DNAPL mass removal rates in the permanganate experiment based on chloride
generation. The vertical dashed line indicates when the fracture became plugged.

PCE oxidation by permanganate is assumed to occur by the following reaction for pH > than
3 (40, 106-108):
4NaMnO4 + 3C2Cl4 + 4H2O → 6CO2 + 4MnO2 + 4Na+ + 8H+ + 12Cl-

Eq. 8-2

Based on the total mass of permanganate consumed within the fracture (approximately 5,800
mg) and the stoichiometry in Eq. 8-2, 4600 mg of PCE should have been oxidized, which is 4times the measured mass of DNAPL removal, with a permanganate:PCE molar ratio of 5.3. This
increased permanganate consumption was likely due to the oxidant demand of the rock itself, as
batch experiments performed at a pH of 3 showed permanganate consumption by the rock; no
permanganate consumption by the rock was observed at neutral pH.

8.3 Post-Oxidation Tracer Testing and DNAPL Recovery
Bromide and SDBS tracer tests were performed after each persulfate experiment. Tracer
testing could not be performed in the permanganate experiment because the fracture became
plugged. Results of the SDBS tracer could not be analyzed in the Fe-EDTA activated C2
experiment because of interference (color/particulate) in the effluent. Tracer results for the
persulfate experiments showed that no substantial decrease in the effective fracture volume
occurred due to persulfate application. However, as exemplified in the tracer results for A1
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Tracer Concentration
(C/Co)

(1,000 mg/L Fe-EDTA activated) and C2 (alkaline activated persulfate) presented in Figure 8-4,
no measurable retardation of the SDBS tracer (relative to bromide) was observed after chemical
oxidation; these two compounds co-eluted through the fracture. Similar results were observed in
the 500 mg/L Fe-EDTA activated A1 experiment. These results indicate that the effective
DNAPL-water interfacial areas listed in Table 5-2 were diminished to the point where, given the
conditions of the experiments, the interfacial tracer method could no longer be used to estimate
these values.
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Figure 8-4. SDBS and bromide elution curves. The top figure is for Persulfate Oxidation
Experiment 1 (A1 rock with persulfate and 1,000 mg/L Fe-EDTA); the bottom figure is for
Persulfate Oxidation Experiment 4 (C2 rock with alkaline activated persulfate). Similar results
were obtained for Persulfate Oxidation Experiment 2. No measureable sorption or retardation of
the interfacial SDBS tracer occurred.

Overall PCE DNAPL mass balances obtained by ethanol flushing at the end of the
experiments ranged from approximately 10 to 72%. These recoveries are low compared to those
obtained in our previous studies. Previously, we typically obtained greater than 80% DNAPL
mass recovery in these fracture systems (Sections 5 and 6); the majority of this recovery
occurred within the first few pore volumes of ethanol flushing at flushing flow rates in excess of
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1 mL/min; substantial DNAPL free product typically was recovered. In our current study, such
rapid DNAPL mass removal typically was not observed, likely due to mass transfer limitations
due to precipitate formation. As a result, very low (∼ 0.1 mL/min) ethanol flow rates were
employed to flush the fractures. Long term collection of the ethanol flush effluent into open
collection vessels likely resulted in substantial volatilization of the PCE, and ultimately the poor
mass recoveries.

8.4 PCE Oxidation Rates
Maximum observed rates of PCE oxidation in the persulfate experiments normalized to the
water-filled volume of the fractures ranged from 2,600 mg/L/d (1,000 mg/L Fe-EDTA in A1) to
480 mg/L/d (alkaline activated in C2); the maximum observed PCE rate of oxidation was 4,700
mg/L/d in the permanganate experiment (measured on day 2 – prior and subsequent data indicate
a rate that is nearly half this value). By comparison, in columns packed with glass beads, and
using a similar permanganate concentration and flow velocity to those used for the A2
experiment, a PCE DNAPL oxidation and mass removal rate that was approximately 10-times
greater than observed in our permanganate study was observed (49). This observation
corresponds to our previous findings regarding DNAPL dissolution, where we observed that
DNAPL dissolution rates in our fracture systems were 10-times less than in corresponding sand
systems (32). The TCE DNAPL oxidation rate in the bench scale limestone fracture system of
Tunnicliffe and Thomson (33) was approximately one-third that observed in our fracture system
permanganate experiment. Considering that the aqueous solubility of TCE is approximately 6times that of PCE, our results are in reasonable agreement.

The overall rate of DNAPL mass removal was greatest in the permanganate experiment, and
permanganate had a lower oxidant:PCE molar ratio than persulfate. However, the treatment
duration was relatively short-lived due to plugging. The total DNAPL mass removal using
persulfate with 1,000 mg/L Fe-EDTA was comparable to that of permanganate, and plugging of
the fracture did not occur; however, a longer treatment time was needed. Alkaline persulfate
activation was substantially less effective than Fe-EDTA activation in our experiments. Thus,
despite the fact that the persulfate treatments did not plug the fracture, use of persulfate did not
result in a substantial improvement in overall DNAPL mass removal compared to permanganate.
The increased rate of DNAPL treatment observed for the permanganate was due to the more
rapid elution of the permanganate through the fracture compared to the Fe-EDTA activated
experiments, rather than the increased aqueous phase PCE reaction rate associated with the
permanganate; the slightly lower flow velocity (and corresponding increased residence time) for
A2 may also have contributed to the increased treatment rate for permanganate. Similarly, the
increased Fe-EDTA dosage improved DNAPL removal rates because of increased ferrous iron
distribution through the fracture, rather than an increase in the aqueous phase PCE reaction rate.
Ferrous iron concentrations during the first 20 days averaged approximately 40 mg/L in the
fracture effluent for the 1,000 mg/L Fe-EDTA solution, but only 5 mg/L 500 mg/L Fe-EDTA
solution, which is below that needed for sufficient activation (38).
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As shown in Table 3-4, mass removal in C2 (persulfate + 500 mg/L Fe-EDTA) was
substantially greater than in the corresponding A1 treatment with 500 mg/L Fe-EDTA. Based on
the similarity in effective DNAPL-water interfacial areas (Table 5-2), water-filled fracture
volume, and DNAPL dissolution rates (Section 5), a similar DNAPL mass removal rate via
chemical oxidation was expected for these two systems. However, this was not observed. The
difference in DNAPL removal rate via oxidation between these two systems is attributed to their
differences in aperture distribution, and the location of the DNAPL sources relative to this
distribution. Based on our prior assessment of the fracture aperture distributions, residual
DNAPL in A1 is likely surrounded by a greater number of “small” aperture regions compared to
that in C2 (Section 5). Oxidation by-products (discussed in the following section) may have
obstructed flow in these small aperture regions within A1, resulting in diminished contact with
DNAPL sources compared to C2. Interestingly, DNAPL mass removal in these two experiments
was similar through the first 10 days, which is consistent with their DNAPL-water interfacial
areas. Thus, at early times prior to significant accumulation of oxidation products that could
potentially reduce contact between the oxidant and the DNAPL, the DNAPL-water interfacial
area appears to control the extent of DNAPL oxidation for a given oxidant.
Comparing the DNAPL mass removal rates during bioaugmentation to DNAPL mass
removal rates during chemical oxidation (Figure 8-1), the rate of DNAPL removal via chemical
oxidation was substantially greater than that obtained via bioaugmentation in the experimental
fracture systems through the first 20 to 40 days. However, as chemical oxidation rates decreased
(due to diminished contact with the DNAPL sources, as discussed in the following section), the
DNAPL mass removal rate obtained via bioaugmentation began to match or exceed the DNAPL
removal rates obtained via chemical oxidation due to increases in biomass. Thus, for the
conditions of our study, application of permanganate or persulfate may have less long term
effectiveness for removal of DNAPL than bioaugmentation.

8.5 Contact with Residual DNAPL
Use of permanganate for treating DNAPL in bedrock fractures has been shown to reduce the
effective fracture volume and obstruct flow near DNAPL sources (33). Consistent with this
previous study, permanganate results observed herein showed complete flow obstruction through
the fracture within 11 days. Based on the reaction stoichiometry in Eq. 8-2, and the mass of
permanganate consumed in the fracture, up to 0.8 cm3 of MnO2 precipitate were generated; some
of the reduced manganese may have eluted as dissolved phase due to the low pH conditions. The
volume of generated precipitates comprises a very small fraction of the water-filled fracture
volume (up to 0.017), but may have limited contact due to localized obstruction at the DNAPLwater interface and/or obstructed the flow through a narrow aperture region of the flow field.
Based on the stoichiometry shown in Eq. 8-2, as well as the mass of PCE consumed,
approximately 200 cm3 of CO2 were generated. While most of this volume may have dissolved
into the aqueous phase, the presence of any gas bubbles may have facilitated flow obstruction.

For the persulfate experiments, fractures did not become plugged. However, as shown in
Figure 8-4, the effective DNAPL-water interfacial area was reduced. This decreased DNAPLER-1554 Final Report
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water interfacial area indicated that contact between the persulfate and DNAPL became
substantially diminished during treatment (despite the fact that only a small fraction of the
DNAPL mass was removed), and explains why persulfate became ineffective for DNAPL mass
removal. While this reduction in DNAPL-water interfacial area resulted in greater than a 90%
decrease in the DNAPL oxidation rates, the data in Figure 8-2 show that the DNAPL dissolution
rates (post oxidation) decreased by only 30%. This observation suggests that, for the flow
conditions of our experiments, mass transfer limitations were much more important during
chemical oxidation than during dissolution alone. The aqueous oxidation reactions occurred very
rapidly relative to the rate of dissolution, which is why the dissolved PCE concentrations in
Figure 8-2 were well below their saturation values. DNAPL mass removal was limited by mass
transfer into the aqueous phase, and (prior to breakthrough of the oxidant) oxidant availability.
As such, efforts to increase the rate of reactivity of persulfate (or any oxidant) likely would have
marginal benefits on enhancing the DNAPL dissolution. For the Fe-EDTA amended
experiments, this decrease in DNAPL-water interfacial area (and corresponding decrease in
DNAPL removal rate) likely was due to precipitation of ferric iron that was generated during the
persulfate activation (105, 109). Analysis of the total iron in the effluent for the 500 mg L FeEDTA amended experiment in A1 indicted that approximately 0.3 cm3 of iron (assumed in the
form of Fe(OH)3) precipitated within the fracture. Based on the stoichiometry in Eq. 8-1 and the
mass of PCE consumed, approximately 300 cm3 of CO2 was generated, which also may have
contributed to the diminished DNAPL-water contact. The volume of manganese oxide
precipitates was nearly 3-times that of the iron precipitates, thus serving as a plausible
explanation as to why flow obstruction was more severe in the permanganate experiment
compared to the Fe-EDTA-amended persulfate experiments.
The cause for the reduction in DNAPL mass removal and DNAPL-water interfacial area for
the alkaline activated persulfate experiment was not readily explained. A fine orange precipitate
(similar in color to that of the sandstone block) was observed after persulfate and base addition
had ceased, and after the pH had returned to near neutral. Using X-ray diffraction, the
precipitate was determined to be primarily ferric oxides (goethite / lepidocrocite). We speculate
that localized acidity was generated via the reaction shown in Eq. 8-1. This acidity likely caused
two effects. The first of which is the leaching of iron oxides from the sandstone, which were
then rapidly neutralized due to the alkaline activation, which caused localized precipitation of
ferric iron near the residual DNAPL sources. The second effect was that localized acidity near
DNAPL inhibited the alkaline activation of persulfate and reduced oxidation effectiveness.

8.6 Discrete Fracture Chemical Oxidation Conclusions
Assessment of persulfate and permanganate oxidation of DNAPL sources in the discrete
fracture systems has shown that chemical oxidation using either permanganate or persulfate for
treatment of PCE DNAPL in sandstone fractures resulted in relatively high initial rates of mass
removal. However, treatment effectiveness greatly diminished due to decreases in the effective
DNAPL-water interfacial area. Decreases in the DNAPL-water interfacial area and the DNAPL
removal rate were observed for all oxidants and activators examined. Results indicated that
DNAPL removal is controlled by mass transfer at the DNAPL-water interface. However, the
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limits of DNAPL mass removal are controlled by both the available DNAPL-water interfacial
area, as well as the aperture distribution. Overall, the chemical oxidants tested were not very
effective in removing DNAPL mass or substantially reducing dissolved PCE concentrations. By
comparison, bioaugmentation is likely better technical and economic long term option.
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9. RESULTS & DISCUSSION:
FRACTURE NETWORK DISSOLUTION

9.1 Rock Matrix Characterization
9.1.1 Diffusion of Solutes into Rock Matrix
Matrix diffusion calculations (described in Section 3.3.3) for Mu/Mf provided a maximum value
of 10-4 for all solutes, indicating that mass uptake into the matrix is substantially less than the rate
of mass migration through the fractures and can be neglected in evaluating solute transport in the
fracture network experiments.

9.1.2 Adsorption on to Rock
Results of the sorption testing revealed that sorption/interaction of SDBS, PCE, and bromide to
the CO Red was negligible (<5% of solute mass sorbed to the rock). In addition, we performed
screening level calculations to assess the potential impact of matrix diffusion on tracer and PCE
migration through the fractures.

9.2 Fracture Network Properties
Tracer test results were used to determine the fracture network physical properties such as, linear
velocity, aperture size and variability and dispersivity were quantified using the conservative
tracer tests. Bromide and SDBS tracer test elution curves were regressed to the one-dimensional
advection dispersion equation using the public domain analytical transport model, CXTFIT:

Eq. 9-1
where R is the solute retardation factor (equal to one for SDBS if DNAPL is not present, and
equal to one for bromide with or without DNAPL present), C is the aqueous solute concentration
(milligrams per cm3) and t is time (minutes) and v is the linear groundwater velocity
(cm/minute), DL is the hydrodynamic dispersion coefficient (cm2/min) and x is the distance
along the line of flow (cm). CXTFIT regression analysis was performed for all tracer tests, both
with and without residual PCE DNAPL present. The co-elution of the SDBS and bromide in
conservative tracer tests suggests that presence of residual air in the networks was minimal.
Consistent with matrix diffusion calculations that matrix diffusion effects can be neglected
without a large mass balance error, regressed elution curves for bromide exhibited an average R2
value of 0.92 (standard error of 0.02) with SDBS exhibiting an average R2 value of 0.80
(standard error of 0.03). The lower R2 value for SDBS elution curves was attributed to
reconstitution of the aqueous SDBS samples prior to analysis but may also be a result of
analytical limitation or sorption of SDBS to DNAPL located in dead-end fractures.
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Data from bromide and SDBS tracer testing was used to quantify the aperture size and
variability in terms of mass balance, frictional loss, hydraulic aperture and aperture ratio of the
fracture network prior to and following DNAPL injection. Table 9-1 presents fracture network
properties prior to DNAPL injection. According to Dickson and Thompson (10) the mass
balance aperture provides the best estimate of the arithmetic mean aperture for the network
because the mass balance aperture is sensitive to the storage of tracer in the void space of the
larger fracture aperture regions. The mass balance aperture, emb, which represents an average
aperture of the larger aperture regions along the flow path, is calculated as follows (82):
Table 9-1. Summary of fracture network properties prior to DNAPL injection
Experiment

emb
(cm)

ef
(cm)

δ

Flow Path
FV (cm3)

Network A
Without DNAPL

0.6
(0.06)

0.005
(0.0002)

0.008
(0.001)

353
(36)

Network A
WITH DNAPL

0.7
(0.05)

0.004
(0.0001)

368
(37)

Network B
Without DNAPL

0.15
(0.05)

0.005
(0.0007)

0.006
(0.0006
)
0.04
(0.01)

144
(42)

Network B
WITH DNAPL

0.08
(0.01)

0.005
(0.001)

0.07
(0.001)

73
(12)

(Section 5)
CO Red1

0.04

0.007

0.19

31

(Section 5)
CO Red2

0.04

0.011

0.28

32

(Section 5)
Arizona1

0.05

0.003

0.06

45

(Section 5)
Arizona2

0.10

0.002

0.02

82

(10) – Exp. 1

0.13

0.018

0.14

205

(10) - Exp 2

0.10

0.009

0.10

61

*Flow Path FV calculated is equal to emb multiplied by the length and width of the fracture experiment. Acronyms
listed in this table are defined in the text. Standard error presented in parenthesis.
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Eq. 9-2
where Q represents the volumetric flow rate (centimeters3/minute), tm (minutes) is the mean
residence time which calculated by dividing the fracture length by the regressed linear velocity,
L (centimeters) is the length of the fracture network parallel to flow and W (centimeters) is the
width of the fracture network perpendicular to flow. The values for emb were used to determine
flow path fracture volume (FV), where FV is equal to emb multiplied by the length and width of
the fracture experiment. The frictional loss aperture, ef, represents the average aperture of the
smaller apertures of the flow path and is calculated by the following (82):

Eq. 9-3
where μ is the dynamic viscosity (grams/ centimeter-minute), ρ is the fluid density
(grams/centimeter3) g is the acceleration due to gravity (centimeters/minute2) and ΔH
(centimeters) is the hydraulic head difference across the experiment . The frictional loss aperture
is sensitive to the difference in hydraulic head across the fracture network. The mass balance
aperture and frictional loss apertures are then used to calculate the aperture ratio. The aperture
ratio is a measure of the range of extreme aperture regions encountered along the flow path (10).
The dimensionless aperture ratio, δ, is an indicator of uniformity between the ef and emb regions
along the flow paths and is calculated as (10):
Eq. 9-4
As described in Dickson and Thompson (10), small δ values indicate a larger variability between
the extreme aperture regions, while large values of δ indicate a smaller variability exists between
extreme aperture regions (e.g. a parallel plate fracture would have δ equal to one). Effectively, as
the value of δ approaches one, the variability between the extreme regions of flow, ef and emb
becomes negligible.
A summary of fracture network properties with and without residual DNAPL present are
provided in Table 9-1. The Network A δ is at least an order of magnitude less than the δ for
Network B. For the Network A experiments, the flow path FV and emb values without residual
DNAPL present were similar to the values with residual DNAPL present , while ef and δ were
larger prior without residual DNAPL present. In Network B, the flow path FV and emb without
residual DNAPL were greater than the values with residual DNAPL, while the ef remained
unchanged and δ increased with residual DNAPL present. The Network A flow path FV and emb
results were not expected but may be attributed to the highly variable nature of the fracture
apertures within the Network A flow regime. DNAPL flow through fractures is influenced by
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aperture size and roughness (110-112). The size and/or geometry of the larger aperture regions in
Network A may have impeded DNAPL trapping in these regions forcing residual DNAPL to be
trapped in the smaller aperture regions, which resulted in the reduced ef with the presence of
residual DNAPL. The Network B results were in accordance with what was expected since
DNAPL is expected to preferentially migrate through the water-saturated fractures with larger
aperture since they offer the least capillary resistance to movement.
A comparison of the fracture network δ values to single fracture experiments indicates
that there is generally a greater variability between the large and small aperture regions in
network experiments compared to the single fracture experiments. Increased aperture variation
contributes to larger variations in velocity distribution where flow channels develop and may
become virtually independent, in the plane of a fracture (113). The comparatively large emb
values with small δ observed in the fracture network is attributed to the presence of fracture
intersections in the fracture network, which do not exist in single fracture experiments. Keller et
al. (61) obtained images of intersecting fractures in a granite rock core that demonstrated that
fracture intersections are large aperture regions that can impact contaminant transport.

9.3 DNAPL Architecture in Fracture Networks
SDBS retardation relative to bromide was used to determine DNAPL interfacial area, ai,
and is calculated using the Gibbs adsorption equation (32, 75, 79):

Eq. 9-5
where
Eq. 9-6
where ai is the DNAPL-water interfacial area (centimeter2 / centimeter3), R is the SDBS
retardation, θ is the volumetric water content within the fracture (centimeter3/ centimeter3). K is
the sorption coefficient for SDBS at the DNAPL-water interface (centimeter3 / centimeter2) in
Equation 9-6, where Mw is the molecular weight of SDBS (milligrams per mole), Rg is the gas
constant (Newton-meters/ Kelvin-mole), T is the temperature (degrees Kelvin), and σ is the PCE
NAPL-water interfacial tension. Table 9-2 summarizes the DNAPL dissolution characteristics
of the fracture network.
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Table 9-2. Summary of DNAPL dissolution results for each of the fracture network dissolution
experiments. Standard error reported in parentheses as applicable.

Network

Exp.

DNAPL
emplaced

Aqueous
Diss.
Testing
(days)

A

1

Influent

5

A

2

Influent

5

A

3

Influent

A

4

B

CXTFIT
Linear
velocity
(cm/min)
*
0.6
(0.04)

SN

KL
(min-1)

ai
(cm3/cm2)

Ki
(cm/min)

0.14

0.03 (±0.01)

111
(±6)

0.0003
(±0.0001)

1.3

0.46

0.09

169

0.0006

5

1.0

0.27

0.03

178

0.0003

Top

100

0.3

0.13

0.02

20

0.001

5

Top

60

1.5
(0.3)

0.32

0.02 (±0.01)

39
(±10)

0.0005
(±0.0001)

B

6

Top

35

1.6

0.16

0.01 (±0.01)

10

0.0001

B

7

Top

12

0.27

0.02 (±0.01)

B

8

Top

13

0.19

0.02 (±0.01)

29
(±7)
18
(±1)

0.0005
(±0.0002)
0.0009
(±0.0004)

0.7
(0.1)
1.2
(0.2)

*Standard Error reported in parenthesis for averaged values.

The ai for Network A varies from 20 to 169 cm2/cm3 and the Network B ai ranges from 10 to
39 cm2/cm3. The variation in network experiment ai values is attributed to DNAPL delivery
method as well as emb and ef . The mechanism of DNAPL delivery directly influences how
DNAPL infiltrates the fractures and impacts DNAPL distribution within the fracture network
while emb and ef impact the trapping of DNAPL during infiltration. The lowest ai observed in
Network A was observed during Experiment 4, where DNAPL was delivered from the top
influent fracture, as in the Network B experiments. The ai from Network A Experiment 4 was
within the range of ai observed in all the Network B experiments, suggesting that the DNAPL
delivery method impacted the ai. The higher values of ai observed in Network A (Experiments 1
through 3) may be the result of DNAPL being delivered directly into the horizontal fractures.
The average ai and related values for the fracture network and single fracture experiments
from the literature are presented in Table 9-3. The ai values for Network A are at least twice as
large as those from the analogous single fracture studies while ai values for Network B are
comparable to the single fracture studies. Our method of DNAPL delivery for the single fracture
study (Section 5) was similar to the DNAPL delivery method used for Network A. Therefore, in

ER-1554 Final Report

97

single fracture experiments the size of the ef and emb aperture regions controls the volume and
availability of the trapped DNAPL. Aperture is the most important factor controlling the
migration of DNAPL through a single fracture (64). The similarity in ai between our single
fracture experiments (Section 5) and the Network B experiments is attributed to the similarity in
ef and emb for these experiments (Table 9-3).

Table 9-3. Characteristics of fracture experiments compared in this study. All values are
presented as averages for fracture network experiments during DNAPL dissolution experiments.
Experiment

SN

CXTFIT DL

KL

(cm / min‐ )

CXTFIT v
(cm/min)

(min- )

2

1

1

Ki

ai

(cm/min) (cm3)

Da

Network‐A*

0.23
(0.01)

20
(9)

0.9
(0.04)

0.05
(0.02)

0.0004
(0.0001)

117
(19)

0.04
(0.02)

Network‐B*

0.25

13
(2)

0.6
(0.05)

0.02
(0.002)

0.0007
(0.0001)

28
(5)

0.0001
(0.00002)

(Section 5)
Red1

CO

0.24

4.4

1.5

0.03

0.001

25

0.0008

(Section 5)
Red2

CO

0.21

3.2

1.1

0.05

0.001

55

0.002

(Section 5)
Arizona1

0.39

2.5

0.9

0.04

0.0007

56

0.003

(Section 5)
Arizona2

0.43

3.5

1.2

0.01

0.0005

20

0.001

(10) – Exp. 1

0.15

3.6

1.2

0.003

N/R

N/R

0.0003

(10) ‐ Exp 2

0.15

26.7

4.9

0.005

N/R

N/R

0.0001

* = Fracture network standard error among all datasets from the experiments in the two fracture networks are
reported in parenthesis. a Note: Our Section 5 data and the data of Dickson and Thompson (10) are single fracture
experiments; for standard error in these experiments refer to original reference. b FV is the mass balance fracture
volume, which is calculated by multiplying emb by length parallel to the flow path and width of the fracture(s)
perpendicular to the flow path(s). The v and DL are values regressed to the one-dimensional advection dispersion
equation based on tracer test elution curves using the CXTFIT analytical transport model. N/R = data not reported.

The average SN value was 24.8% (standard error 0.03%) for the fracture network
experiments. The values of SN for network experiments are typical of the SN values observed in
porous media studies (9, 110, 114-116) and within the SN range presented in single fracture
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experiments (10, 32). The SN values Network A Experiments 1 through 3, which had high ai
values, were similar to the other network and single fracture experiments. This observation from
Network A, combined with the flow path FV being unchanged after the introduction of residual
DNAPL, suggests that DNAPL trapping in Network A experiments occurred outside the primary
flow paths.
In fracture network experiments the DNAPL ai is primarily influenced by the DNAPL
delivery method while the SN is impacted by the size of the ef and emb aperture regions. In single
fracture experiments both the ai and the SN appear to be influenced by size of the ef and emb
aperture regions. The DNAPL may actually be better contacted in the single fracture experiments
due to the lack of intersections and limited dispersion. Dispersivity (D) was observed to be an
order of magnitude greater than single fracture experiments, which is attributed to the increased
availability of alternate flow paths in the fracture network setting. Once DNAPL is introduced to
the fracture network experiments, aqueous flow can disperse into regions outside the primary
flow path while aqueous flow in the single fracture experiments would be forced out of the
fracture plane at an increased rate to accommodate the change in available pore space. Decreased
uniformity between the size of the ef and emb aperture regions in the fracture network
experiments, or decreased δ, may have lead to decreased trapping of DNAPL within the primary
flow path. Interphase mass transfer from the entrapped DNAPL phase occurs by diffusive and
advective transport from the DNAPL interface into the aqueous phase flowing through the
fracture in the case of fractures bounded by a low porosity/permeability matrix (31). This
interface where interphase mass transfer occurs is typically located at the intersection of the ef
and emb regions, as DNAPL is trapped in the emb regions (32).
9.4 DNAPL Dissolution in Fracture Networks
Results of network dissolution tests are presented in Figure 9-1. The bulk dissolution mass
transfer and interfacial area results for fracture network experiments are presented in Table 9-2
and the average values for each fracture network are presented in Table 9-3. Dissolution data
were evaluated in terms of a bulk mass transfer coefficient and an intrinsic mass transfer
coefficient. The bulk mass transfer coefficient is calculated using a steady state solution of the
advection-dispersion equation, which includes a first-order, driving force expression for
DNAPL-water mass transfer in the following equation (9, 32):

Eq. 9-7
where KL is the bulk mass transfer coefficient (minute-1), and Csat is the aqueous solubility of the
PCE DNAPL used in the experiment (milligrams per liter). The KL observed in network
dissolution experiments ranged from 0.03 to 0.09 min-1 for Network A and 0.01 to 0.02 for
Network B. The 0.09 min-1 value for KL in Network A corresponds to a high value of SN at 0.46
during the experiment. All network experiments with an SN of 0.14 to 0.32 exhibited values of
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KL with a very small range, 0.01 to 0.03 min-1. The KL values for the network experiments are
comparable to those calculated for the single fracture study (Section 5) and are an order of
magnitude lager than the KL observed in the single fracture experiment by Dickson and
Thompson (10). The lower KL from the single fracture study by Dickson and Thompson
compared to the fracture network are expected since the presence of fracture intersections in the
network would improve mixing conditions, increasing interphase mass transfer rates. However,
the similarity in KL values between our single fracture study (Section 5) when compared to the
fracture network are unexpected (due to the lack of intersections). The comparable KL
between the fracture network experiments and our single fracture study may be a result of
similarity in experimental conditions ai, SN, and ef between the single fracture and the fracture
network experiments. The KL differences between the Dickson and Thompson (10) single
fracture experiment and fracture network experiments may actually be driven by the ef, since
interphase mass transfer occurs at the intersection of the ef aperture regions with emb. In addition,
ef values are the primary experimental difference between the Dickson and Thompson (10)
single fracture experiments compared to the fracture network experiments and our single fracture
experiments.
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a)

b)

Figure 9-1. Aqueous phase PCE DNAPL concentrations (normalized to aqueous solubility of
PCE DNAPL) plotted against fracture volumes of AGW flushed through the fracture network for
a) Network A, Experiments 1 through 4 and b) Network B, Experiments 5 through 8.

ER-1554 Final Report

101

The KL (calculated from the advection-dispersion equation as described above) can be
used with ai to calculate the intrinsic mass transfer Ki (cm/min) (9, 32):
Eq. 9-8
The dissolution mass transfer descriptors (KL, Ki) are commonly evaluated against the
Reynolds number (Re) in fracture studies (10, 32, 116) and in porous media studies (9, 114) to
facilitate a description of fluid flow and mass transport phenomena in the absence of
fundamental theoretical models. Re is calculated as follows (55, 117):
Eq. 9-9
where ρ is the fluid density (grams/centimeter3), v is the linear velocity (cm/min) and μ is the
dynamic viscosity (grams/ centimeter-minute). The ef is used as characteristic length
characteristic because mass transfer will occur primarily where small aperture regions intersect
large aperture regions occupied by DNAPL (32). Re is useful for approximating flow through a
variable aperture fracture (31) and was used in the statistical evaluation of the experimental
fracture properties.

9.5 Statistical Evaluation of DNAPL Dissolution in Fracture Networks
Pearson product- moment correlation analysis (correlation), using JMP 8.0 statistical
software was used to evaluate DNAPL dissolution descriptors (KL and Ki) against DNAPL
dissolution properties (ai and SN) and fracture experiment physical properties (v, Re, α, emb, ef
and δ) for the fracture network and single fracture experiments. Pearson correlations are
calculated using the following (118):

Eq. 9-10
where r is the Pearson correlation, n is the number of observations,
and
are the response
variables along the x-axis and y-axis, respectively; and are the average values of the x-axis
and y-axis, respectively; and sx and sy are the standard deviations of the x and y axes. Following
correlation analysis of the fracture network, the fracture network correlations are then compared
to those from our single fracture experiments and those of Dickson and Thompson (10). In
evaluating the datasets, correlation coefficient and significance probabilities (p-values) were
used to determine the strength of the linear relationship between two variables. P-values less than
0.05 were considered statistically significant and correlative relationships between the given
parameters were probable (Table 9-4).
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Table 9-4. Summary of Pearson-product moment correlations observed in fracture experiments
from DNAPL dissolution experiments. P-values less than or equal to 0.05 are considered
statistically significant.
Experimental
Variable
KL
KL
α
SN
KL
a

Experimental
Variable
SN
ai
emb
ef
emb

Pearson
Correlation
0.78
0.76
0.70
-0.02
0.52

Number
of Studies
7
7
7
7
7

P value
0.03
0.03
0.05
0.97
0.19

Single fracture analysis has four studies since interfacial area information was not reported in Dickson and
Thompson (10).

In the fracture network experiments positive correlations were observed between 1) KL with
ai; 2) KL with SN; and 3) α with emb. The relationship between KL and ai have been repeatedly
established in porous media studies (9, 80, 119). The relationship between KL and ai suggests
mass transfer within the fracture network experiments is limited by the availability of the
DNAPL interface to the aqueous flow.
Annabelle et al (80) described ai as the primary determinant of NAPL removal efficiency.
The relationship positive correlation between α and emb maybe related to the presence of fracture
intersections in the fracture network setting. As described by Bear et al. (120), an increase in the
number of fracture intersections aligned along the hydraulic gradient leads to longer contaminant
arrival times, and greater macroscopic dispersion. A porous media study by Miller et al. (121)
also determined KL was directly related to SN and aqueous phase velocity. The corresponding
relationship between SN and KL in the fracture network would be expected, as aqueous saturation
is reduced and replaced with DNAPL phase, the increased presence of DNAPL would yield
increased steady state PCEaq concentrations which would increase KL. Statistical evaluation of
velocity testing conducted during Experiment 1 in Network A was also performed. During the
velocity test, the changes in effluent PCEaq concentrations were evaluated against changes in
velocity while all other experimental parameters remained constant; statistical analysis revealed
a positive trending, though statistically insignificant, relationship existed between v and KL in the
fracture network(R2=0.69). The lack of statistically significant correlation between KL and v in
the fracture network analysis was unexpected but may result from the presence of fracture
intersections. Park et al (53) determined that flow and transport in 3-D fracture intersections may
contribute to the re-distribution of solute according to the mixing rule and/or the delay of solute
in local flow cells. The influence of these local flow cells in the fracture network may diminish
the influence of velocity in the fracture network. Preferential flow through flow paths that are
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saturated (with respect to dissolved PCE), and therefore may not vary with flow velocity, also
may contribute to this lack of observable correlation.

9.6 Fracture Network DNAPL Dissolution Conclusions
Two experimental low porosity fracture networks were used to investigate and quantify
steady state DNAPL dissolution kinetics and were compared to findings from two single fracture
experiments in the literature. The fracture network relationships observed in this study reveal that
DNAPL dissolution kinetics within the fracture network experiments is primarily influenced by
SN and ai. The correlation between KL and ai in the fracture network experiments indicates KL is
limited by the availability of the DNAPL interface to the aqueous flow. The presence of fracture
intersections increased experimental dispersivity and appears to have diminished the quantifiable
correlation between velocity or aperture with dissolution kinetics in the fracture network
experiments. This fracture intersection assertion is supported by the observed correlation
between aperture size with KL and SN in the single fracture experiments, where fracture
intersections are absent.

Dissolution mass transfer in fractured network setting, similar to porous media experiments,
is primarily dependant on the volume of DNAPL in the network how well contacted it is with the
flowing aqueous phase. Aperture size and uniformity appear to influence DNAPL trapping and
interfacial area, but the aperture properties appear to only secondarily affect DNAPL dissolution
in a fractured network setting. Detailed characterization of the impact fracture intersections,
aperture size and aperture uniformity have on KL at specific velocities and DNAPL saturations in
a three-dimensional fracture network setting may further clarify variation of mass transfer often
observed in field settings.
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10. RESULTS & DISCUSSION:
FRACTURE NETWORK BIOAUGMENTATION

10.1 Fracture Network Bioaugmentation
Results for the fracture network bioaugmentation experiment are present in Figure 10-1.
Initial bioaugmentation results showed a decrease in effluent dissolved PCE concentrations
(although a declining trend in PCE concentration was observed prior to bioaugmentation, thus it
is unclear as to the extent to which bioaugmentation impacted dissolved PCE concentrations) and
an accumulation of relatively low concentrations of cis-DCE. Low levels of dissolved ethene
and TCE also were observed in the effluent. Vinyl chloride (VC) was not observed in the
effluent until the very end of the 310-day experiment. The primary daughter products detected
were cis-DCE and ethene, which is consistent with results obtained in the discrete fracture
experiments (Section 6).

Figure 10-1. Fracture network bioaugmentation. Bioaugmentation occurred at t=100 days.
Figure 10-2 shows measured effluent chloride concentrations compared to theoretical
chloride concentrations, where the theoretical chloride concentrations were calculated
stoichiometrically based on the molar quantities of TCE, DCE, VC, and ethene generated.
Similar to the results observed in the discrete fracture experiments (Section 6), the measured rate
of chloride generation was much greater than the chloride generation rate based on chlorinated
ethene and ethene daughter products. This is attributed to back-partitioning of the chlorinated
ethene and ethene daughter products into the DNAPL, thereby causing an under-estimate of the
extent of dechlorination based on the presence of these compounds in the aqueous phase. The
discrepancy between the theoretical and measured chloride concentrations is several times
greater in the fracture network experiment than in the discrete fracture experiments, thereby
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indicating that mass transfer between the bulk aqueous phase where dechlorination is occurring
and the DNAPL is much greater in the fracture network in the discrete fractures.

Figure 10-2. Chloride generation during the fracture network bioaugmentation experiment.
Theoretical chloride generation is based on the amount of daughter products (TCE, DCE, VC,
and ethene) generated.

Applying the chloride-based DNAPL dissolution enhancement factor developed for the
discrete fracture experiments (Eq. 6-1), a DNAPL dissolution enhancement factor of 3.1 is
calculated for the fracture network. This enhancement factor falls within the range of those for
the discrete fracture bioaugmentation experiments. Thus, bioaugmentation is effective for
enhancing the removal of DNAPL sources in a fracture network. Similar to the discussion for
discrete fractures in Section 6, enhancement factors at the field scale likely would be
substantially greater.
Overall DNAPL mass removal prior to bioaugmentation (i.e., prior to day 100 in Figure 10-1
was 8.4% of initially emplaced DNAPL mass, which was removed via abiotic dissolution into
the aqueous phase. During the first 100 days post-augmentation, 12.5% of the initially emplaced
DNAPL mass was recovered (sum of dissolved PCE and PCE-equivalents present as chloride).
After 310 days (100 days abiotic dissolution and 210 bio-enhanced dissolution), a total of 30.5%
of the initially emplaced DNAPL mass was recovered. Thus, these results confirm that DNAPL
dissolution was enhanced as a result of bioaugmentation.
The dotted lines in Figure 10-3 represent the flow during the bioaugmentation experiments
and illustrate periods of interrupted flow due to leakage caused by pressure buildup from
deposits blocking the effluent tubing. As indicated by the ovals in the figure, there are peaks in
effluent chloride concentrations immediately following the return of flow through the system. In
order to evaluate if these peaks in concentration were due to a build-up within the system during
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interrupted flow that is washed out when flow is returned, the measured chloride data was first
compared to the theoretical chloride concentrations in order to see if the spikes appeared in both
sets of data. This was done to eliminate the possibility of a chloride analytical error. A chloride
generation rate was then calculated for the periods prior to each period of no flow. Assuming the
chloride generation rate was constant during times of no flow, the amount of mass generated
within the system was calculated and compared to the mass recovered once flow was returned
(Table 10-1). For the first spike in chloride, the mass recovered post flow-stop (0.31 mol) is in
reasonable agreement with the calculated chloride mass generation during the time of no flow
(0.25 mol). For the second spike, the calculated mass generated was roughly 0.51 mol; however,
the mass recovered was only 0.19 mol. This discrepancy is likely due to the almost back-to-back
stops in flow (Figure 10-3) that made capturing all the mass generated nearly impossible. These
calculations suggest that these spikes in effluent concentrations are due to the build-up during
interrupted flow and are not representative of other phenomena occurring within the system.

Figure 10-3. Chloride generation correlated to flow (and flow stoppages) during the fracture
network bioaugmentation experiment.

Table 10-1. Chloride concentration spike assessment.

Spike 1
Spike 2

Rate Prior to No Flow
mM/day
0.10
0.21

Chloride Spike Investigation
Conc. Of Chloride
Chloride Mass
Generated during No Flow*
Generated
0.90
0.31
1.46
0.51

*Assuming rate of Chloride generation remains constant
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Chloride Mass Recovered
during spike (mol)
0.25
0.19

11. RESULTS & DISCUSSION:
FRACTURE NETWORK CHEMICAL OXIDATION

The effluent PCEaq and chloride concentration data, interfacial areas, and mass transfer
coefficients obtained from these experiments were used to evaluate the effectiveness of KISCO
for removing PCE DNAPL in the fracture network setting, and the KISCO-related changes in
mass-transfer. The results are discussed in terms of mass removal, implications to mass transfer,
the formation of reaction byproducts and post-KISCO evaluation.

11.1 Mass Removal during KISCO
PCE mass removal during KISCO was evaluated relative to mass removal from steady state
DNAPL dissolution prior to KISCO to determine if KISCO improved PCE mass removal in the
fracture network (i.e., compare KISCO to pump-and-treat). In addition, the mass removal results
for each experiment are compared to the other KISCO experiments. The mass removed during
the fracture network KISCO experiments is evaluated against analogous experiments from the
literature. PCEaq concentrations relevant to the dissolution calculation are presented in Figure 111(a -c). The maximum decrease in effluent PCEaq concentrations during KISCO was: 88 % for
KISCO-1; 99% for KISCO 2a; and 71 % for KISCO 2b. During KISCO-3 the effluent PCEaq
concentrations were not observed to decrease. A summary of the results from KISCO
applications in the experimental fracture network are summarized in Table 11-1.
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a)

b)

c)
Figure 11-1 (a.-c.). Aqueous phase PCE concentrations prior to KISCO, during dissolution
testing, during KISCO (pink regions) and following KISCO: a) KISCO- 1; b) KISCO-2a and 2b;
c) KISCO-3. Point of interfacial area tracer testing is indicated by dashed line (tracer tests were
completed within 4 hours). Error bars represent the standard error of the data point (standard
deviation of the concentration from the mean concentration of all the samples collected from the
pre-KISCO samples).
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Table 11-1. Experimental conditions of KISCO applications in the fracture network.
KISCO-1
Average Pre-KISCO Effluent
PCEaq Concentrations (mg/L)
Average Pre-ISCO Mass Removal
Rate or MRRD (mg/day)

43
(±3.0
mg/L)a
226
(±15
mg/day)

KISCO-2A

KISCO-2Ba

KISCO-3

38
(±2.2 mg/L)

32
(±4.0 mg/L)

51
(±7.8 mg/L)

176
(±36 mg/day)

99

(±13
mg/day)

158
(±22
mg/day)

Experimental velocity (cm/min)

1.5

1.5

1.7

1.2

Permanganate concentration (g/L)

7.5

7.5

1.5

1.5

Duration of KISCO application
(days)

1.6

2.1

4.8

10.3

0.5

2.0

0.6

0.2

47

30

69

147

Duration of effective KISCO
(days)
Fracture Volumes of KISCO
Applied

Notes: aStandard error reported in parenthesis beneath value, where appropriate.

Mass removal rates from KISCO experiments are presented in Figure 11-2 (a -c) and results
are summarized in Table 11-1. The range of peak PCE mass removal rates achieved during
KISCO applications was between 350 milligrams removed per day (mg/day) to 1100 mg/day.
Typically, the PCE removal rate reached the maximum rate within the first day of KISCO
application and was maintained for less than 1 hour. During both KISCO-1 and 2, the removal
rate decreased rapidly once the peak rate was reached. During KISCO-3 the PCE removal rate
decreased gradually and was probably due to the lower oxidant concentration applied which
decreased reaction byproduct formation. A collective comparison of factors impacting oxidation
and dissolution is further developed in Section 11.4. The maximum mass removal rate for
KISCO-1 was 425 mg/day with 100 mg of total PCE DNAPL mass removed (Figure 11-2a),
which was equivalent to 0.1% of the mass of PCE DNAPL present in the fracture network. The
maximum PCE DNAPL mass removal rate observed was 1100 mg removed/day during KISCO2a, with 868 mg of total PCE DNAPL mass removed (Figure 11-2b), which represented 1.8 per
cent of total residual PCE DNAPL present in the fracture network. The second application in
KISCO-2, KISCO-2b, had a maximum mass removal rate of 308 mg removed/day with 96 mg of
PCE DNAPL mass removed, representing 0.2% of the total DNAPL mass present in the fracture
network. KISCO-3 had a maximum mass removal rate of 425 mg/day with 60 mg of PCE
DNAPL mass removed, representing 1.3% of the total PCE DNAPL mass present in the fracture
network (Figure 11-2c).
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a)

b)

c)
Figure 11-2. PCE DNAPL mass removal rates during KISCO: a) KISCO- 1 at 7.5 g/L MnO4and 1.5 cm/min linear velocity; b) KISCO-2a at 7.5 g/L MnO4- and 0.7 cm/min linear velocity
and KISCO-2b at 1.5 g/L MnO4- and 0.7 cm/min linear velocity c) KISCO-3 at 1.5 g/L MnO4and 0.7 cm/min linear velocity. Error bars represent the standard error of the data point (standard
deviation of the concentration from the mean mass removal rate observed during dissolution).
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To evaluate whether KISCO improved mass removal rates compared to steady state
dissolution the enhancement factor was evaluated. KISCO-1, KISCO-2b and KISCO-3 all
exhibited low enhancement factors (0.3, 0.2, 0.5, respectively) indicating that more PCE DNAPL
mass would have been removed had steady state dissolution conditions remained (Table 11-2).
However, the enhancement factor for KISCO-2a was 2.5, indicating that increased PCE mass
was removed during KISCO-2a compared to dissolution experiments. The increased
enhancement factor during KISCO-2a was attributed to the KISCO application being terminated
shortly after decreased effectiveness of KISCO was observed (once chloride reductions reached
background levels). Therefore, each experiment that exhibited low enhancement factors were
reevaluated using only the period of time when KISCO was effective to determine if improved
enhancement would have been obtained during the shorter duration.

Table 11-2. Mass removal comparison and post-KISCO conditions from KISCO applications.

PCE DNAPL Mass removed during
KISCO (g)
PCE DNAPL Mass removed by
dissolution had KISCO not been
applied. Calculated using MRRD (g)
Post-KISCO aperture (cm, pre-acid,
peroxide and ethanol flush)
% decrease in aperture following
KISCO

KISCO-1

KISCO2A

KISCO2B

KISCO-3

0.10

0.87

0.09

0.80

0.37

0.37

0.48

1.62

0.10

0.03

0.02

0.03

0%

50%

33%

50%

26

32

71

Average Post-KISCO Effluent PCEaq
Concentrations (mg/L)

(±3.2 mg/L)a

Average Post-ISCO Mass Removal
Rate or MRRD (mg/day)

78

96

214

(±23
mg/day)

(±13
mg/day)

(±82
mg/day)

(±4.0 mg/L)

(±12.1
mg/L)

KISCO Enhancement Factor 1
0.3
2.5
0.2
(duration of KISCO)
KISCO Enhancement Factor 2 (during
0.8
2.5
1.5
effective KISCO removal only)
Notes: aStandard error reported in parenthesis beneath value, where appropriate.

48
(±8.3 mg/L)

145
(±33 mg/day)

0.5
27.2

To assess the duration of time when KISCO was effective for each of the applications, the
time period where chloride produced was above 10% of background chloride (experiment
dependant but generally between 2 and 10 mg/L) was selected and recalculated as “Enhancement
Factor 2” (Table 11-2). Once the ineffective time of KISCO application was removed, the
enhancement factor for KISCO-2b and 3 increased from below 1 to 1.53 and 27.2, respectively.
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These numbers indicate that if the KISCO application was ceased once chloride was no longer
being produced (from PCE removal) that the KISCO would have successfully removed more
PCE than dissolution alone. Effectiveness was significantly improved in the case of KISCO-3 (a
low oxidant concentration application) and even for the sequential KISCO application, which
was previously believed to be ineffective. The KISCO-1 application remained ineffective
compared to dissolution alone. The reasons for the ineffectiveness of KISCO-1 may result from
the distribution of DNAPL in KISCO-1.

11.2 Sequential KISCO experiment
The sequential KISCO application, KISCO-2b, was used to determine if reaction byproducts
from the prior KISCO application affected the efficiency of the subsequent KISCO applications.
Potentially, flushing the network with AGW could remove a sufficient volume of byproducts that
increased mass removal would be achieved again. However, it was hypothesized that persistence
of reaction byproducts in the fracture network would limit KISCO effectiveness for a sequential
application. A reduced KISCO concentration in KISCO-2b (1.5 g/L MnO4-) was used to
minimize formation of reaction byproducts. As a result of oxidation byproduct formation during
KISCO-2a, the average fracture aperture had decreased by 50% prior to KISCO-2b (Table 11-2),
suggesting significant byproduct formed during KISCO-2a and remained in the network during
the KISCO-2b application. Prior to KISCO-2b, effluent PCEaq rebounded to steady state
concentrations. However, once the 1.5 g/L MnO4- was introduced during KISCO-2b, effluent
PCEaq steadily declined to the concentrations previously observed in KISCO-2a until the
KISCO-2b application ceased (Figure 11-2b). The cause of the rebound in post-KISCO-2a PCEaq
is discussed in Section 11.5. The reestablished reduction in contact between the oxidant and PCE
DNAPL during KISCO-2b (likely due to reaction byproducts being re-deposited at the DNAPL
interface), indicates that though sequential KISCO applications removed additional DNAPL
mass from the fracture network the mass did not exceed what would be expected from
dissolution alone in the experimental setting. However, as previously, if the sequential KISCO
application had been ceased once increased chloride production was no longer observed, the
sequential application would be considered effective (enhancement factors, Table 11-2).
Interestingly, the post-KISCO-2b PCEaq concentrations rebounded to more than double the preKISCO-2b concentrations. Therefore, as discussed in Section 11.5, the DNAPL-water mass
transfer actually increased following KISCO-2b, which was unexpected because reaction
byproducts have been commonly observed to cause mass transfer limitations during KISCO.

11.3 Fracture Network Mass Removal Compared to Four Literature Studies
KISCO mass removal in four different experimental systems reported in the literature were
evaluated, including two single-fracture experiments (discrete fracture study presented in Section
8, and in Tunnicliffe and Thomson (33)) and three porous media studies (42, 49, 50). For all
experiments evaluated, the experimental mass removed was normalized by the solubility of the
DNAPL (~200 mg/L for PCE and 1100 mg/L for TCE) and the specific experimental fracture or
pore volume reported.
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In the single fracture KISCO study results presented in Section 8, approximately 1100 mg of
PCE was removed at 10 g/L KMnO4 and a linear velocity of 3.2 cm/min. As presented in Table
11-3, the normalized mass removed for the experiment was 67 (unitless). In the fracture network
experiments, the normalized mass of PCE DNAPL oxidized during KISCO-1 was 5.8, KISCO2a was 51, KISCO-2b was 10 and for KISCO-3 was 77 (Table 11-3). The normalized mass of
PCE removed in the fracture network experiments KISCO-2a and -3 was comparable to the
normalized mass removed in the single fracture experiments (Section 8). The KISCO-1 and -2b
normalized masses removed were an order of magnitude less than the mass removed in the single
fracture permanganate experiment (Section 8) but were similar to the normalized mass removed
in the single fracture experiments by Tunnicliffe and Thomson (33). In the two vertical single
fracture KISCO experiments by Tunnicliffe and Thomson (33), a total of 220 mg and 180 mg of
PCE were removed in 50 day and 70 day experiments, respectively (using 10 g/L KMnO4 or 7.5
g/L MnO4-). The normalized masses removed equate to 8.7 and 4.1, respectively. Generally, the
normalized mass of PCE removed during KISCO in the fracture network experiments was within
the range of normalized mass removed in the single fracture experiments. Potentially, the
distribution and increased interfacial area of DNAPL during KISCO-1 and persistence of
reaction byproducts in KISCO-2b may have potentially limited mass transfer more rapidly than
in the subsequent experiments.
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Table 11-3. Summary of the mass removed by experiment normalized to the experimental
fracture volume. For experimental volume, volume of void space for the reaction to occur in the
experiment was used.
Experiment
Description

DNAPL
(solubility
mg/L)

Experimental
Fracture or Pore
Volume (L)

Mass
removed
(mg)

Normalized
Mass removal

KISCO-1

Fracture
Network

PCE (176)a

0.094

96

5.8

KISCO-2a

Fracture
Network

PCE (176)

0.096

868

51.4

KISCO-2b

Fracture
Network

PCE (176)

0.049

87

10.1

KISCO-3

Fracture
Network

PCE (176)

0.060

816

77.3

Discrete
Fracture
(Section 8)
Tunnicliffe
and
Thompson,
(33) (Frac I)
Tunnicliffe
and
Thompson,
(33) (Frac II)

Single
Horizontal
Fracture

PCE (200)

0.082

1100

67.1

Single Vertical
Fracture

TCE (1100)

0.023

220

8.7

Single Vertical
Fracture

TCE (1100)

0.040

180

4.1

Petri et al.
(49)

1D porous
media

PCE (200)

0.023

443

96.3

Heiderscheidt
et al. (42)

2D porous
media

PCE (200)

1.181

6097

25.8

a

PCE solubility is 176 mg/L for the fracture network experiments (as opposed to 200 mg/L
for the other PCE experiments) because it was experimentally determined for the specific PCE
DNAPL batch used.
Two porous media KISCO experiments were compared to the fracture network experimental
results. The normalized mass PCE oxidized using KISCO in a one-dimensional (1D) residually
saturated porous media study by Petri et al. (49), was similar to the KISCO-2a and KISCO-3.
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The normalized mass from the Petri et al. (49) experiment, which had comparable experimental
SN, MnO4- concentrations and groundwater velocities to KISCO-2b, was approximately 1.5 times
normalized mass of KISCO-2a. In a two-dimensional (2D), residual pooled DNAPL porous
media tank experiment by Heiderscheidt et al. (42) using an MnO4- concentration of 2.1 g/L
(similar to KISCO-3),the normalized mass of PCE removed per experimental volume, 4.0 mg/ml
was comparable to the amount of PCE removed in the fracture network during the less effective
KISCO applications, KISCO-1 and KISCO-2b. The velocity of the Heiderscheidt et al. (42)
experiment was not reported so a velocity comparison cannot be made. Based on these literature
data sets, the normalized DNAPL mass removals appear to be within a similar range for the
fracture and porous media KISCO experiments evaluated. The slight differences in mass
removals for porous media experiments and fracture network experiments may result from
morphology of the emplaced DNAPL (the pooled porous experiment had lower mass removals)
and/or solute mixing in the fracture network increasing the formation of reaction byproducts,
MnO2 and CO2 and inhibiting enhanced mass transfer from oxidation.
11.4 DNAPL Dissolution Mass Transfer during KISCO in Fracture Networks
To analyze the impact of KISCO on DNAPL dissolution, the observed changes in bulk mass
transfer coefficient (KL) prior to and following KISCO are evaluated. Tunnicliffe and Thompson
(33), determined that permanganate flushing of DNAPL source zones in fractured rock may offer
some beneficial results since the development of an insoluble product adjacent to DNAPL within
a fracture could effectively encapsulate portions of the free phase and reduce the ability of the
remaining DNAPL to generate a plume. However, limited beneficial impacts to dissolution were
observed in the fracture network experiments. The pre- and post-KISCO KL values are presented
in Table 11-4 for each KISCO experiment. Post-KISCO PCEaq concentraitons (and KL)
reobounded rapidly to pre-KISCO conditions following the end of the KISCO applicaition
(Figure 11-1, a-c) therefore the post-KISCO KL values represents post-rebound conditions. The
pre-KISCO KL for the KISCO experiments, with the exception of KISCO-2b, the sequential
experiment, was larger prior to KISCO application. However, the reduction in KL following
KISCO in the network experiments was not large. KISCO-1 removed the least PCE mass and the
greatest reduction in KL was observed (~58% decrease was observed). During KISCO-2a and
KISCO-3, the decrease observed was 17 and 18%, respectively, suggesting limited impact of
KISCO on KL or encapulation of the DNAPL. However, the KL unexpectedly increased by 250%
percent following the sequential KISCO application, KISCO-2b. Possibly, the increase in KL
following KISCO-2b resulted from a shift in preferential flow paths, to previously uncontacted
regions of the fracture network, that resulted from the build up of reaction byproducts in the
sequential experiments. The shift in preferential flow paths may have enabled the aqueous flow
to aceess DNAPL zones that were not as hydrulically acessible (smaller aperture regions outside
the primary flow paths) prior to KISCO-2b. An increase in post-KISCO effluent concentrations
was also observed in Heinderschidt et al. (42), which was attributed to MnO2 deposition around
co-located residual pool sources creating more complex flow patterns, increasing mixing and
maintaining flow in contact with adjacent residual DNAPL. Heinderschidt et al. (42), proposed
that increases in PCEaq following oxidation resulted from a combination of source mass depletion
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and changes in sourcemass depletion rates due to changes in the flow field due to MnO2
deposition.
Urynowicz and Siegrist (51) found the effects of interfacial MnO2 deposition may be more
pronounced under increased mixing conditions, because mixing may increase the rate of
interfacial mass transfer. Increased mixing was expected in the fracture network as a result of
fracture intersections within the flow field. Corespondingly, Park et al. (53) determined that flow
and transport in 3-D fracture intersections may contribute to the re-distribution of solute
according to the mixing rule and/or the delay of solute in local flow cells. Mixing at the fracture
intersections in the fracture network would have increased reaction byproduct formation and
decreased DNAPL mass removed compared to the porous media experiments. This assertion is
supported by the immeasurable interfacial area following each KISCO applications (Table 11-4).
Increased mixing was expected to increase oxidant byproduct formation in the fracture network,
which would impact flow fields. The decrease in KL following KISCO-1 may have from MnO2
formed at the DNAPL-water interface, and/or within the source zone causing flow bypassing,
effectively cutting off mass flux. The reason for increased MnO2 formation during KISCO-1 is
unclear, particularly in the absence of increased PCE mass removal; however, it may be related
to the larger interfacial area observed prior to the KISCO-1 application.

Table 11-4. Impacts of KISCO on fracture network dissolution
KISCO-1

KISCO-2A

KISCO-2B

KISCO-3

39

10

nm

19

nm

nm

nm

0.019

0.012

0.014

0.017

(0.01)

(0.006)

(0.05)

(0.02)

DNAPL-Water Interfacial Area
Pre-KISCO (cm2/cm3)
DNAPL-water interfacial area
Post-KISCO (cm2/cm3)a
Bulk Mass Transfer Coefficient
Pre-KISCO (min-1)
Bulk Mass Transfer Coefficient
Post-KISCO (min-1)

0.008

0.010

0.049

(0.001)

(0.001)

(0.002)

0.014
(0.001)

Measured MnO2 generated(g)b

n/a

6.4

0.6

1.1

Expected MnO2 in system (g)c

9

22.6

6.1

10.8

Calculated CO2 generated (ml)

29

250

27

235

(10)

nm

a

(1)

Post-KISCO interfacial area was not measureable (nm) for all experiments and is attributed to
reaction byproducts. Standard error is reported in parenthesis beneath the value and is listed in
the same units as the value. b KISCO consumption was not monitored during KISCO-1, n/a
indicates not available. c Expected MnO2 in system was calculated based on reaction
stoichiometry and measured MnO4- consumed for each experiment.
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11.5 Relating Changes in Interfacial Area to Dissolution in KISCO Fracture
Networks
Based on the KISCO and fracture network dissolution discussion, the influence of ai on
changes in mass transfer behavior resulting from KISCO becomes apparent. It is necessary to
examine the changes in ai prior to and following KISCO. Interfacial area tracer testing was
conducted before and after the KISCO applications. The timing of tracer testing relative to
KISCO applications (and dissolution experiments) is represented by the vertical dashed lines in
Figures 11-1 (a –c). The post-KISCO interfacial area tracer results were compared to the preKISCO steady state dissolution conditions to determine if changes in ai were observable. PostKISCO interfacial area tracer testing was conducted once all KMnO4 had been flushed from the
fracture network, at least two days following return to AGW (as indicated the in Figures 11-1, a c) to eliminate interference of the KISCO with the tracer solution analyses. Following each
KISCO application, the ai was not measurable in the fracture network experiments (Table 11-4).
This result was surprising since less than 5% of the DNAPL was removed and, following the
return to AGW. PCEaq concentrations rapidly rebounded to previously established steady-state
concentrations (prior to tracer testing) and were continued for the remainder of the experiments
(Figure 11-1, a-c). The immeasurable ai, combined with the rebound in PCEaq concentrations,
appear to be contradictory. A decrease in effluent PCEaq concentrations would be expected with
the ai, reduction.

Rebound of effluent PCEaq concentrations, in the absence of measurable ai, was likely related
to preferential flow paths established (or altered) from the deposition of reaction byproducts and
DNAPL trapped in the fracture network, outside the primary flow paths, adjacent to the effluent
manifold (Figure 3-8). Furthermore, this finding explains the divergence of PCEaq concentration
and mass removal rates observed in KISCO-3 (Figure 11-1c). During KISCO-3, as in all KISCO
applications, the effluent chloride concentrations and PCE DNAPL mass removal rates were
observed to peak and drop off as the formation of reaction byproducts limited the oxidation of
dissolved phase DNAPL in the primary flow path of the fracture network (Figures 11-2a through
c). However, formation of reaction byproducts formed during KISCO did not reduce the PCEaq
mass flux from DNAPL pooled in areas outside of the primary flow path that were located
adjacent to the effluent manifold in the fracture network. The observed rebound in effluent PCEaq
concentrations following KISCO, with no measurable ai, was attributed to the DNAPL adjacent
to the effluent. The heterogeneous nature of the flow paths, combined with the DNAPL located
outside the primary flow path of the interfacial area tracer (and probably lingering MnO2 in the
fracture network), likely inhibited sorption of the interfacial area tracer to the DNAPL interface
while allowing effluent concentrations to readily rebound.
The ai may also be related to the mass of PCE removed during KISCO, and the observed
changes in KL pre- and post-oxidation. The ai was large prior KISCO-1, compared to the other
KISCO experiments, which may have lead to the rapid buildup of MnO2 at the interface of the
DNAPL (Table 11-4). In evaluating the interfacial deposition of MnO2 formed during oxidation
experiments using MnO4 for TCE removal, Urynowicz and Siegrist (51) proposed that during
KISCO, the rate of chemical oxidation is relatively rapid and that MnO2 deposition occurs when
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the reaction takes place in local proximity to the DNAPL interface. Additionally, McKinnon and
Thompson (50) asserted that the lack of complete oxidation resulted from precipitation and
deposition of reaction by-products at the free phase/aqueous phase interface that increased the
mass transfer resistance. The higher ai (Table 11-4) prior to KISCO-1 may have caused
significant deposition of MnO2 at the surface of the DNAPL. The larger ai prior to KISCO-1 may
have allowed for increased deposition of MnO2 at the surface of the DNAPL, limiting contact
between the oxidant and the DNAPL, which rapidly reduced the mass removal rates (Figure 113). Results from the vertical single fracture experiment by Tunnicliffe and Thompson (33) and
the porous media study by Heiderscheidt et al. (42) found that MnO2 caused flow bypassing of
DNAPL sources. The mass of PCE removed using KISCO -1 was not substantial. As discussed
in Chapter 5, the increase in ai would be associated with increased KL; however, it appears that in
the case of KISCO, this relationship may not be beneficial to PCE removal. The increased KL
associated with the ai in dissolution experiments appears to generate reaction byproducts more
rapidly during KISCO, in the fracture network setting. Three likely scenarios to describe this
interaction are 1) the large ai generated sufficient MnO2 which accumulated on the surface of the
DNAPL down-gradient and diverted the flow; 2) as ai increased production and accumulation of
reaction byproducts were deposited directly on the surface of the DNAPL, which limited PCE
removal; and/or 3) a large volume of DNAPL was accessible to the flow, prior to KISCO
application, which rapidly accumulated MnO2 at the surface and diverted flow around the large
volume of DNAPL. In each of the possible scenarios, the common concept is that the large preKISCO ai increased the formation of reaction byproducts and resulted in flow bypassing (shifting
of the pre-KISCO flow paths).

Figure 11-3. Relationship between experimental mass of PCE removed during KISCO to the
pre-KISCO ai normalized to the volume of DNAPL present. KISCO-2b is not shown because the
ai was immeasurable prior to the KISCO application.
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The smaller ai observed prior to KISCO-2a application may have limited the rate of reaction
byproduct formation. This scenario would have allowed the oxidation reaction to proceed for a
longer period of time increasing the mass of PCE removed. The trapped DNAPL for KISCO-2a,
may have been located in more remote areas of the fracture network during KISCO-2a
(compared specifically to KISCO-1), which limited the interfacial deposition of reaction
byproducts and allowed more time for KISCO to oxidize dissolving DNAPL in the network. The
increased PCE removal from KISCO-2a increased the formation of reaction byproducts and the
altered the existing preferential flow paths. The pre-KISCO-2b ai was not measureable, as a
result of the reaction byproducts remaining in the network from KISCO-2a, so this KISCO
application cannot be included in the analysis. Finally, as presented in Figure 11-3, these
observations relating ai to PCE mass removal may be further supported by the slightly larger ai
observed prior to KISCO-3 and the slightly smaller PCE mass removed (816 mg in KISCO-3
versus 868 mg from KISCO-1). The observed trend in Figure 11-3 is interesting since the
KISCO-3 application was conducted at a lower experimental velocity and lower concentration
than KISCO-1 or -2a, suggesting that in the fracture network the pre-KISCO ai may impact the
efficiency of the reaction to a greater extent than the experimental velocity or the MnO4concentrations. Though a trend between pre-KISCO ai and mass of PCE removed is observable,
the relationship requires further investigation before a correlation between the parameters can be
considered conclusive. The changes in aperture size observed following KISCO applications, as
a result of reaction byproduct formation, particularly MnO2, are discussed further in the
following Section.

11.6 Experimental Mass Balances
The mass of MnO2 generated for each KISCO experiment was based on measured effluent
concentrations of MnO2 and oxidant consumption (discussed below). As presented in Table 11-5
the mass of MnO2 measured was: 6.4 g (73.0 mmol) for KISCO-2a; 0.6 g (6.9 mmol) for
KISCO-2b (measured at effluent during KISCO application) and 1.1 grams (12.6 mmol) for
KISCO-3. Based on a comparison of the measured mass of MnO2 and the expected presented in
Table 11-4, significant MnO2 remained in the fracture network during KISCO applications.
Therefore, the mass of MnO2 eluted was less than the stoichiometric equivalent. The MnO2 that
remained in the network and was not eluted was expected to reduce aperture size and alter
fracture network flow paths.

The flow field is also impacted by CO2 as a reaction byproduct. The volume of CO2
produced was assumed to remain stoichiometrically balanced with the PCE DNAPL mass
removed, because CO2 was produced as a result of the PCE DNAPL-MnO4- reaction. The
volume of CO2 produced is presented in Table 11-3 and was: 29 ml for KISCO-1; 250 ml for
KISCO-2a; 27 ml for KISCO-2b; and 235 ml for KISCO-3. Tunnicliffe and Thompson (33)
found that during KISCO applications CO2 was built up beneath the colloidal MnO2 rind and
intermittently released through the colloidal MnO2 rind. Even if CO2 was released during
KISCO, MnO2 would continue to be accumulate or be deposited as KISCO was consumed (33),
which would maintain the low effluent PCEaq concentrations observed in the fracture network
experiments.
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The post-KISCO-1 aperture was calculated from tracer tests prior to the conclusion of the test
and flushing of the network with solutions to remove MnO2 buildup and/or remaining CO2. Li
and Schwartz (122) determined CO2 bubbles in the subsurface can dissolve into the aqueous
phase but the rapid accumulation of CO2 early in the flushing and flow bypassing also reduced
the possibility for water to contact and dissolve the bubbles. Based on the timing of interfacial
area tracer tests following the KISCO applications (Figures 11-1, a-c), the aqueous solubility of
CO2 (1.5 g/L), the volume of CO2 produced and the experimental velocities (Table 11-4), the CO2
was expected to have been flushed from the network prior to tracer testing. Given the persistence
of MnO2 in the fracture network, this KISCO reaction byproduct is believed to be the primary
driver of changes observed in aperture following KISCO. The consistency in observed aperture
for KISCO-1 (Table 11-2) between pre-KISCO and post-KISCO applications indicates that the
deposition of reaction byproducts associated with the large pre-KISCO-1 ai was sufficient to
reduce PCE mass removal but was not significant enough to alter the aperture size or that the
pre-KISCO flow paths were shifted to new regions of similar aperture size. Alternatively, the
decreased ai prior to KISCO-2a application may have reduced the initial rate of reaction
byproduct formation at the DNAPL interface. This scenario would have allowed the oxidation
reaction to proceed for a longer period of time increasing the mass of PCE removed and the
reaction byproducts generated (Table 11-4). The trapped DNAPL may also have been located in
more remote areas of the fracture network during KISCO-2a (compared specifically to KISCO1), which limited the rapid initial production of reaction byproducts, allowed more time for
KISCO to oxidize dissolving DNAPL in the network and increased the total MnO2 and CO2
generated. The increased formation of reaction byproducts in the fracture network resulted in the
50% decrease in average aperture following KISCO-2a. The reaction byproducts that remained
in the fracture network following KISCO-2a likely limited contact of the oxidant with the
remaining DNAPL and inhibited significant PCE mass removal during KISCO-2b. Following
KISCO-2b, the aperture was reduced by 33% or 0.01 cm, as a result of additional MnO2 and CO2
generated. KISCO-3 had a slightly larger pre-KISCO ai than KISCO-2a and following the
KISCO-3 application, the aperture was also observed to decrease by half (from 0.06 to 0.03 cm),
as in KISCO-2a. These finding indicate the hypothesis that the formation of reaction byproducts
using KISCO for PCE DNAPL removal in fractured-rock networks decreases the KISCO
treatment efficiency and reduces mass removal effectiveness of PCE.
In a porous media experiment by Heiderscheidt et al. (42) that examined changes in
permeability resulting from KISCO, a concentration of 0.1 g MnO2/kilogram unconsolidated
media was needed to alter flow paths in unconsolidated media and these areas were observed in
and around DNAPL source zones. While this value does not directly translate to fractured media,
the concentration of MnO2 needed to alter flow paths in unconsolidated media was determined to
be significantly below the concentration of MnO2 required to fill the pore space and was
attributed to MnO2 deposition at the pore throats rather than the pore body (123). This porous
media finding regarding MnO2 is significant since the primary area where mass transfer occurs in
a fracture is the intersection of the small aperture regions with the large aperture regions
(discussed in Section 5). The primary mass transfer areas at the intersection of the small and
larger apertures along the primary flow paths of the fracture network setting could mimic the
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pore throats in porous media and concentrate MnO2 deposition, which would rapidly alter the
flow field (65, 124). Additionally, the mass of MnO2 eluted indicates a significant amount of
MnO2 remained in the system as a result of MnO4- consumption, which would have the ability
significantly alter flow paths.
The mass of oxidant consumed exceeded the mass that would be expected based on the PCE
removed (determined from chloride generation). Excess oxidant consumption was also observed
in the single fracture KISCO experiment (Section 8). The discrepancy between the expected
MnO4- mass consumed and the measured mass consumed is attributed to the acidic pH condition
(average 2.7) that occurs during ISCO (see hydrogen ion generation in equation 6-1). Under
acidic conditions where pH drops below 3.5, permanganate can react with the MnO2, forming
Mn2+ which can further react to consume permanganate (108, 125). Based on the measured
consumption of MnO4- during the KISCO applications and the reaction stoichiometry (Equation
8-2), the mass of PCE DNAPL theoretically expected to oxidize ranged was up to 31 times the
measured amount of PCE DNAPL oxidized for the KISCO experiments.
The PCE DNAPL recovery at the end of the KISCO experiments ranged from approximately
40 to 62%. These values represent the volume of PCE recovered divided by the volume of PCE
DNAPL emplaced. The volume of PCE recovered was equal to the volume of DNAPL collected
when the network was drained plus, the PCE dissolved in the flushing solutions (minus the PCE
removed during dissolution and KISCO experiments). These percentages of DNAPL mass
recovered are low compared to those obtained in the DNAPL dissolution studies (Chapter 5).
The lower mass recoveries may result from the dissolution of reaction by products with a 5%
acetic acid and hydrogen peroxide solution that is assumed to have also oxidized PCE DNAPL.
Following removal of oxidation reaction byproducts, the remaining DNAPL was dissolved using
an ethanol flush. The ethanol was flushed through all open ports and through the primary flow
paths and captured in an uncapped glass filtering flask. Between ethanol flushing, ethanol
remained in the fracture network to ensure the solvent was dispersed throughout the network and
had time to dissolve the remaining DNAPL. Presumably, PCE was volatilized from the open
filtering flask over the course of the network flushing, which resulted in the poor mass
recoveries. Flushed ethanol and, once AGW flow was returned, aqueous effluent samples were
collected during flushing of the experiment and analyzed for dissolved phase PCE concentrations
on the GC-FID to quantify DNAPL mass recoveries from the experimental fracture network.

11.7 Fracture Network Chemical Oxidation Conclusions
The objectives of chemical oxidation study in the fracture network were to 1) evaluate PCE
mass removal during KISCO relative to mass removal achieved during pre-KISCO steady state
DNAPL dissolution experiments; and 2) evaluate the impact of KISCO on DNAPL dissolution.
The formation of reaction byproducts (MnO2 and CO2) cut off contact of the oxidant with the
DNAPL and altered the preferential flow paths during KISCO. Alteration of the flow field
during KISCO limited the DNAPL-oxidant contact and reduces mass transfer rates. The presence
of fracture intersections in the fracture network may lead to increased mixing and the generation
of additional reaction byproducts, which further limited mass transfer in the fracture network
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during the KISCO applications, after an initial period of effective mass removal. When
comparing total PCE mass removed with KISCO, the large pre-KISCO ai appears to increase the
formation of reaction byproducts and lead to flow bypassing but this conclusion requires further
evaluation. Experimentally, the relationship between ai and PCE DNAPL removal with KISCO
in a fracture network could be evaluated by looking at the efficiency of the KISCO at different ai
for the same DNAPL saturation, linear velocity and MnO4- concentration. Additionally,
examining the permeability changes in the flow field under the different ai conditions would be
insightful. Even though ai was observed to decrease following KISCO, trapping of PCE DNAPL
in the larger aperture regions of the fracture network, adjacent to the effluent, enabled postKISCO PCEaq concentrations to rapidly rebound.
Based on the limited PCE DNAPL mass removal in fracture network experiments,
additional research regarding the application of MnO2 mitigation measures with KISCO in
fracture networks, may also improve observed KISCO efficiency. Additional research regarding
into the effectiveness of KISCO on PCE DNAPL mass removal in a fracture network setting at
intensely varied velocities may be also insightful in evaluating KISCO at a specific oxidant
concentration. Given the variation in conditions surrounding DNAPL in fractured bedrock
setting (DNAPL saturation, trapping, interfacial area combined with variability of the fracture
network), it appears the overall effectiveness of KISCO for DNAPL depletion in a fractured
bedrocks setting is uncertain at best. Further investigation of the effectiveness of stopping the
KISCO application when improved mass removal is no longer observed (i.e. chloride
concentrations return to background conditions) may be insightful when comparing KISCO to
pump-and-treat scenarios. This investigation would be insightful since steady state dissolution
conditions were readily established, and in one instance, improved following KISCO.
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12. OVERALL CONCLUSIONS AND FINDINGS

The overall goal of the project was to measure and evaluate the architecture, dissolution rate,
and impact on groundwater quality of residually trapped PCE DNAPL from both discrete
bedrock fractures and fracture networks. We investigated DNAPL dissolution during
groundwater flow, as well as the dissolution during both bioaugmentation and chemical
oxidation Our approach utilized single fracture plane experiments, as well as 3-dimensional
fracture networks consisting of features such as fracture intersections and dead-end fractures.
This project included four primary tasks:
Task 1:
Construction and characterization of single fracture plane and 3-dimensional
fracture network systems;
Task 2:
Assessment of DNAPL architecture and dissolution in the single plane fracture
systems. Subtasks included assessment of DNAPL dissolution during bioaugmentation and
chemical oxidation (permanganate and persulfate);
Task 3:
Assessment of DNAPL architecture and dissolution in the 3-dimensional fracture
network systems. Subtasks included assessment of DNAPL dissolution during bioaugmentation
and chemical oxidation (permanganate);
Task 4:
Development of models to describe DNAPL dissolution into bypassing water, as
wells DNAPL dissolution during bioaugmentation and chemical oxidation.
A brief overview of the project conclusions are provided in this paragraph, followed by the
bulleted conclusions required by the reporting format. Our research during this project revealed
that DNAPL dissolution, even at the single fracture scale, is strongly controlled by mass transfer.
Mass transfer limitations in the examined bedrock fracture systems are more severe than in
analogous unconsolidated porous media. For single fracture systems, DNAPL dissolution was
related to the effective DNAPL-water interfacial area, and was well described using a mass
transfer coefficient that was normalized to the DNAPL-water interfacial area and was a function
of the Reynolds number. For fracture networks, the DNAPL dissolution behavior was more
complex, likely due to the influence of fracture intersections and preferential flow paths.
Bioaugmentation, at both fracture scales, was shown to be effective for enhancing the rate of
DNAPL dissolution, despite dissolved PCE concentrations at or near solubility. A model was
developed and validated that described the DNAPL dissolution and dechlorination kinetics; the
effects of chlorinated ethene and ethene back-partitioning into the DNAPL and shear-induced
detachment of DHC biomass were incorporated within the model. Finally, chemical oxidation
was shown to be generally ineffective for both removal of DNAPL mass and improving
groundwater quality (with respect to dissolved PCE concentrations). While initial DNAPL mass
removal rates were high immediately following delivery of the oxidant (either permanganate or
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persulfate), mass transfer inhibitions caused a relatively rapid decreases in PCE oxidation and
DNAPL mass removal. Interfacial tracer testing confirmed that this decrease in DNAPL
removal rate was due to a decrease in contact between DNAPL sources and mobile water, likely
due to accumulation of manganese or iron oxides, or possibly CO2 gas, at the DNAPL water
interface.
Several peer review papers have been recently published or are in the
review/preparation phases (Appendix B).
Bulleted conclusions from each Task are provided below.
DNAPL Architecture in Single Fracture Plane Conclusions
• Pore structure within the fracture plane, particularly the aperture ratio, controlled the extent of
residual DNAPL present.
• Due to preferential (channeled) flow through high permeability pathways, DNAPL entered
only a portion (<60%) of the effective fracture volume. Thus, within a single fracture
plane, DNAPL likely resides within only a fraction of the fracture volume.
• It was demonstrated that residual DNAPL in the single plane systems primarily resides within
the primary water flowpaths
• Effective DNAPL-water interfacial area was significantly less than in analogous
unconsolidated systems.
• DNAPL-water interfacial area was not correlated to DNAPL saturation (mL DNAPL/mL
fracture volume), fracture aperture, or aperture ratio. This suggests that the effective
DNAPL-water interfacial area is controlled by a complex interaction of flow path, DNAPL
distribution, and aperture structure, and is not readily predicted. Interfacial and/or
partitioning tracer measurements will likely be required to determine this parameter.
DNAPL Architecture in 3-Dimensional Fracture Network Conclusions
• Residual DNAPL saturations were in the range typically observed for both unconsolidated
media and for those measured in the single fracture systems.
• The effective DNAPL-water interfacial area, when considering a DNAPL injection scheme
similar to that for the single fracture systems, is significantly greater than for the single
fracture systems. This is likely due to the enhanced contact associated with fracture
intersections.
• It was demonstrated that a sizeable fraction of the residual DNAPL mass was in the fracture
networks was not along the water flow path, indicating that much of the DNAPL was not
well contacted by water (i.e., dead-end fractures).
• No correlation was discernable among DNAPL-water interfacial area, DNAPL saturation, and
fracture aperture structure.
DNAPL Dissolution in Single Fracture Plane Conclusions
• DNAPL dissolution was controlled by mass transfer between the mobile water and residual
DNAPL
• Preferential flow paths existed even at the single fracture scale
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•
•

•

DNAPL dissolution was controlled by the effective DNAPL-water interfacial area.
Effective DNAPL-water interfacial area was significantly less than in analogous
unconsolidated systems. Accordingly, the DNAPL dissolution rates in the single fracture
systems were less than in analogous unconsolidated media systems. These results indicate
that DNAPL removal in bedrock fractures is considerably more difficult, due to mass
transfer limitations, than in unconsolidated porous media.
A DNAPL-water interfacial normalized mass transfer coefficient was found to be a welldescribed function of the Reynolds number, with results for all four fracture plane systems
falling along a similar curve.

DNAPL Dissolution in Fracture Network Conclusions
• Intrinsic mass transfer coefficients, for DNAPL loading that was through the influent
(analogous to the single fracture experiments) were substantially less in the fracture
networks than in the single fracture experiments. This indicates that DNAPL dissolution
in fracture networks is more impacted by bulk mass transfer limitations than in single
fracture systems and unconsolidated media.
• On the bulk or aggregate scale, mass transfer is not correlated to the effective DNAPL-water
interfacial area.
• Overall findings from the DNAPL dissolution studies in the fracture networks indicate that
DNAPL dissolution in the fracture networks is governed by preferential flow paths. In
these flow paths, PCE becomes saturated (or near-saturated), while PCE concentrations
remain low in other flow paths. Thus, small to moderate changes in interfacial area or flow
rate will not have a substantial impact on effluent dissolved concentrations, which is
consistent with the experimental data.
• These data further suggest that reactions that will consume dissolve PCE in the aqueous phase
will likely have a substantial impact on overall DNAPL dissolution – more so than in the
single fracture experiments.
Bioaugmentation for Enhancement of DNAPL Dissolution in Single Fracture Plane
Conclusions
• In preliminary batch experts with PCE DNAPL present and dissolved PCE concentrations at
saturation, no dechlorination was observed after bioaugmenting. Thus, batch microcosms
may not be a good test of bioaugmentation effectiveness when DNAPL is present.
• Bioaugmentation was effective for facilitating the microbially-enhanced (DHC)
dechlorination of PCE DNAPL in the fractures. We hypothesized dechlorination was
observed in the fractures but not the batch system due to the presence of biofilms in the
fracture (which typically are more resistant to toxic inhibitions) and/or localized areas of
lower dissolved PCE concentrations within the heterogeneous fracture.
• Bioaugmentation was shown to enhance DNAPL dissolution by up to 5-fold. This dissolution
enhancement, normalizing for scale, would likely be several times greater in the field.
• Due to back-partitioning into the DNAPL, chlorinated ethene and ethene are poor indicators
of the PCE dechlorination rate. Chloride serves as a much better indicator.
• Although some VC and ethene were generated, DCE was shown to be the primary daughter
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•
•
•
•
•

product, as elevated PCE and/or DCE levels are likely inhibitory to the rate of DCE
dechlorination.
DHC growth was demonstrated, as evidenced by increasing DHC levels in the fracture
effluent of the high flow rate experiments, and by the increasing dechlorination rates with
time in other experiments.
Dependence of effluent DHC levels upon the flow velocity was demonstrated, consistent with
a microbial biomass shearing mechanism. Thus, distribution of DHC downgradient of the
DNAPL source area will likely be dependent upon flow velocity.
DHC growth was well predicted using our previously developed Monod kinetic model, which
was based upon batch kinetic data.
DHC facilitated dechlorination was primarily due to immobile DHC (presumably associated
with biomass) rather than mobile DHC.
It was demonstrated that residual biomass can serve as an electron donor after active addition
of electron donor is terminated.

Bioaugmentation and DNAPL Dissolution Numerical Model Conclusions
• Based on Monod kinetic parameters determined from batch experiments, DNAPL
dechlorination rates and DHC growth were well predicted by the model.
• Back-partitioning accounted for the discrepancies between theoretical and measured chloride
concentrations.
• DHC migration and detachment was shown to be a function of the velocity, which is
consistent with a shear mechanism for DHC detachment from biofilms.
• The developed DNAPL bioaugmentation model can be used to estimate DNAPL dissolution
rates in bedrock fractures.
Bioaugmentation for Enhancement of DNAPL Dissolution in 3-Dimension Fracture
Networks Conclusions
• Bioaugmentation was demonstrated to be effective for the dechlorination of PCE DNAPL,
with demonstrated dissolution enhancement factors greater than 3.
• Back-partitioning of the chlorinated ethenes and ethene into the DNAPL made these
compounds a poor indicator for the extent and rate of DNAPL dechlorination that was
occurring.
• The extent of back-partitioning was substantially greater in the fracture network than the
single fracture systems, indicating that mass transfer at the locations of biological reaction
was enhanced in the fracture network relative to the single fracture systems. This was
likely due to the enhanced mixing at fracture intersections.
• The rate of dechlorination was substantially greater in the fracture network compared to the
single fracture systems. Again, this was likely due to the enhanced mixing at fracture
intersections.
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Chemical Oxidation for Enhancement of DNAPL Dissolution in Single Fracture Plane
Conclusions
• Both permanganate and persulfate resulted in an initially high rate of DNAPL removal,
followed by a decline in DNAPL mass removal.
• Neither permanganate nor persulfate were effective for removing a significant fraction of the
DNAPL mass, or improving groundwater effluent quality (with respect to dissolved PCE
concentrations).
• Application of permanganate resulted in clogging of the fracture, likely due to MnO2
formation.
• It was demonstrated that the effective DNAPL-water interfacial area decreased after
persulfate addition; this decrease likely was due to accumulation of iron oxides and/or
carbon dioxide at the DNAPL-water interface.
• Rebound in dissolved PCE concentrations occurred after persulfate treatment ended.
• DNAPL mass removal rates during bioaugmentation, after several weeks, exceeded mass
removal rates during chemical oxidation. Thus, bioaugmentation is likely a more effective
long term treatment approach than permanganate or persulfate for treating DNAPL in
fractured bedrock.
Chemical Oxidation for Enhancement of DNAPL Dissolution in 3-Dimensional Fracture
Networks Conclusions
• Application of permanganate for treatment of DNAPL in fractures results in an initially high
mass removal rate, followed by a rapid decline in mass removal.
• Application of permanganate did not result in any measurable loss of fracture volume or
clogging. This differed from observations at the single fracture scale, and was likely the
result of redirected flow paths in the much larger fracture network system.
• It was shown that application of permanganate resulted in a decrease in the effective DNAPLwater interfacial area, which likely is the cause for the observed reduction in mass transfer
that occurred following the initial spike in PCE mass removal. MnO2 solids and/or CO2
were the likely causes for the reduction in DNAPL-water contact.
• Permanganate will likely be ineffective for treating residual DNAPL sources in fracture
networks.
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13. IMPLICATIONS FOR FUTURE RESEARCH
The results from this study, overall, highlight the importance of mass transfer and flow
heterogeneity for DNAPL dissolution processes in fractured rock systems, the ineffectiveness of
chemical oxidants for treating DNAPL sources in fractures, and the potential effectiveness of
bioaugmentation/bioremediation as an effective treatment approach for addressing DNAPL
sources in fractured bedrock. We envision three primary areas of future research that emanate
from the work performed within this project:
•

Assessment of DNAPL dissolution and treatment processes at the field scale. The
insights into the DNAPL dissolution and treatment processes obtained during this study
are expected to provide relevant understanding with respect to field scale processes.
However, the surrogate bench scale systems evaluated in this project certainly are not
expected to provide a complete representation of DNAPL dissolution processes that can
occur at the field scale. Similar studies performed at the field scale, perhaps using tools
such as partitioning and interfacial tracer tests, passive flux meters, borehole logging
techniques, and discreet interval samplers, are needed to provide a more comprehensive
understanding of these processes, incorporating an appropriate scale of heterogeneity, in
fractured bedrock aquifers.

•

Investigation of the impacts of water velocity and shear and DHC mobility. Our
bioaugmentation study showed that detachment of DHC, and ultimately the extent to
which DHC could migrate downgradient of the source area, was dependent upon the
water velocity. This finding has important implications for the design and assessment of
bioaugmentation and biostimulation at the field scale. Being able to better predict, or
even design, the extent to which DHC can be distributed in an aquifer (bedrock or
overburden) would be an important tool. We believe that additional bench scale and field
scale studies are needed to better understand this relationship.

•

Development of methods to limit precipitate formation at the DNAPL-water interface
during application of chemical oxidants. Formation of reaction products at the DNAPLwater interface limited the effectiveness of permanganate and persulfate with respect to
treatment of DNAPL sources in bedrock fractures. Development of technologies to limit
this reaction product accumulation has the potential to greatly improve the effectiveness
of chemical oxidants for treatment in DNAPL source areas.
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APPENDIX A: SUPPORTING DATA

A-1. CALCULATION OF BACK-PARTITIONING COEFFICIENT
Solubility of TCE = 1100 mg/L or 8.37 mM (Molecular weight = 131 g/mol)

Solubility of cis-DCE = 3500 mg/L or 36 mM (Molecular weight = 96.95 g/mol)
Solubility of VC = 2763 mg/L or 44.20 mM (Molecular weight = 62.5 g/mol)
Solubility of Ethene = 131 mg/L or 4.67 mM (Molecular weight = 28.05 g/mol)

Regressed value of DCE back-partitioning coefficient for Experiment-A = 0.04 hr-1

ξTCE =

36
* 0.04 = 0.17 hr −1
8.37

ξVC =

36
*0.04 = 0.03 hr −1
44

ξ Eth =

36
*0.04 = 0.3 hr −1
4.67

Regressed value of DCE back-partitioning coefficient for Experiment-B = 0.004 hr-1
Similar calculations can be performed and the back-partitioning coefficients for the other
daughter products of Experiment-B could be determined.

ER-1554 Final Report

141

A-2. PERSULFATE ELUTION DURING THE SINGLE FRACTURE CHEMICAL
OXIDATION EXPERIMENTS

Persulfate Concentration
(mg/L)

12000

8000

4000

0
0

20

40

60

Days
Figure A-2. Persulfate effluent concentrations for the four persulfate experiments. ♦ - A1
(persulfate + 1,000 mg/L Fe-EDTA),  - A1 (persulfate + 500 mg/L Fe-EDTA, S - C2
(persulfate + 500 mg/L Fe-EDTA), - C2 (alkaline activated persulfate).
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